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2. Joint Toxic Action Data for the Mixture of Concern
and Component Mixtures
2.1 Mixture of Concern

No studies were located that examined health effects in humans or animals exposed to mixtures
exclusively containing CDDs, hexachlorobenzene, p,p’-DDE, methylmercury, and PCBs. No
physiologically based pharmacokinetic/pharmacodynamic (PBPK/PD) models were found for mixtures of
these five chemicals. There are, however, several studies designed to examine whether or not
consumption of Great Lakes or Baltic Sea fish containing biopersistent chemicals may be associated with
detrimental effects on the health and/or development of humans or animals. A review of these studies
follows to determine the degree to which data identify health hazards associated with exposure to
complex mixtures of contaminants in fish that are likely to contain CDDs, hexachlorobenzene, p,p’-DDE,
methylmercury, and PCBs.

2.1.1 Studies of Health Effects Associated with Consumption of Great Lakes Fish

People whose diets include Great Lakes fish are exposed to complex mixtures of biopersistent chemicals,
including the chemicals of concern in this profile. Table 2 shows that a group of Great Lakes fisheaters
who consumed an average of 49 meals containing Great Lakes sportfish per year for an average of
33 years had higher mean blood levels of CDDs, chlorinated dibenzofurans (CDFs), PCBs, p,p’-DDE,
and mercury than did reference groups of subjects whose diets did not contain Great Lakes fish
(Anderson et al. 1998). The large amount and long duration of Great Lakes fish consumption by this
sample of Great Lakes fisheaters suggests that they are within the most highly exposed group of Great
Lakes fisheaters. Although mean concentrations of biopersistent contaminants in blood or serum were
generally higher in this group of fisheaters than in reference groups, there was considerable overlap in the
ranges between fisheater and reference groups for many of the contaminants. The lipophilicity of the
chemicals of concern is likely to limit serum concentrations, and differences (between fisheaters and non
fisheaters) in fatty tissue concentration may be more dramatic. This study, however, did not sample and
analyze contaminant concentrations in fatty tissue.
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Table 2. Mean and Range of Persistent Chemicals in Blood of Consumers of
Great Lakes Fish (Source: Anderson et al. 1998)
Great Lakes Fisheatersa
(n=30 or 31)

Reference Groupb

CDDs in serum (ppt TEQs)

27.5 (8.2–58.7)

15.5 (range NA; n=70)

CDFs in serum (ppt TEQs)

11.9 (3.4–25.3)

4.9 (range NA; n=70)

Coplanar PCBs in serum (ppt TEQs)

17.4 (ND–56)

1.8 (range NA; n=70)

Total PCBs in serum (ppb)

5.2 (1.2–15.2)

1.2 (0.46–2.9; n=41)

Hexachlorobenzene in serum (ppb)

0.1 (0.02–0.2)

0.1 (ND–0.3; n=180)

Lead in whole blood (:g/dL)

4.0 (0.9–13.0)

2.8 (2.7–3.0; n=13,201)

Mercury in whole blood (:g/L)

3.8 (0.9–13.0)

2.5 (0.6–8.5; n=13,201)

o,p’-DDT in serum (ppb)

0.06 (0.03–0.3)

ND (n=180)

Oxychlordane in serum (ppb)

0.3 (0.04–0.8)

0.2 (0.02–0.5; n=180)

p,p’-DDE in serum (ppb)

5.2 (0.6–23.9)

2.8 (ND–38.5; n=180)

p,p’-DDT in serum (ppb)

0.3 (0.05–0.8)

ND (n=180)

Chemical

a

Subjects had no known occupational exposure to the compounds analyzed and consumed, in the previous year, an average of
49 meals (range 10–172) containing sportfish (trout, salmon, carp, catfish, perch, smelt, or walleye) from Lake Michigan
(n=10), Lake Huron (n=11), and Lake Erie (n=11). Subjects consumed Great Lakes sportfish for a mean of 33 years (range
11–58). Concentration values were not obtained for all chemicals in each of the subjects.
b
Comparison groups were chosen from previous studies in which analyses were conducted by the same laboratory and were
taken to represent the general population with no apparent exposure to the compounds that were analyzed [see Anderson et al.
(1998) for more details].
NA = not available; ND = not detected; ppb = parts per billion; ppt = parts per trillion; TEQ = toxic equivalents;
:g = micrograms

There are several studies examining reproductive or physical developmental endpoints (Buck et al. 1997;
Courval et al. 1999; Dar et al. 1992; Fein et al. 1984; Kostyniak et al. 1999; Lonky et al. 1996; Mendola
et al. 1995, 1997; Vena et al. 1996) and neurodevelopmental or neurobehavioral endpoints (Fein et al.
1984; Jacobson and Jacobson 1996; Jacobson et al. 1984, 1985, 1990a, 1990b; Lonky et al. 1996; Mergler
et al. 1998; Schantz et al. 1999; Stewart et al. 1999, 2000b) in people whose diets included North
American Great Lakes fish contaminated with complex mixtures of the chemicals of concern and other
chemicals (most notably CDFs and chlorinated pesticides such as mirex and chlordane). Studies of
animals exposed to Great Lakes fish in their diet include: a two-generation study of reproductive,
immunological, neurobehavioral, and neurochemical endpoints in rats fed diets containing varying
amounts of similarly contaminated Great Lakes fish (Feeley et al. 1998; Seegal 1999; Seegal et al. 1998;

9

Stewart et al. 2000a); a two-generation reproductive study of minks fed diets containing varying amounts
of Great Lakes fish (Restum et al. 1998); and other studies that examined neurobehavioral endpoints in
rats fed diets with Great Lakes fish (Daly 1991; Hertzler 1990).

Reproductive Effects and Great Lakes Fish Consumption: Human Studies

Between 1993 and 1995, Courval et al. (1999) surveyed 626 married couples (aged 17–34 years old)
concerning conception delay (i.e., ever having failed to conceive after 12 months of trying). At least one
person in each couple was a licensed angler residing in 1 of 10 Michigan counties bordering a Great Lake
(Lake Erie, Lake Huron, or Lake Michigan). Subjects were categorized into four exposure classes based
on the estimated number of sportfish meals consumed since 1970: 0, 1–114, 115–270, and 271–1,127 for
men, and 0, 1–54, 55–138, and 139–1,127 for women. For men, unadjusted odds ratios (ORs) for
conception delay increased with increasing exposure class as follows 1.2, 1.3, and 2.0; results of a trends
test were statistically significant. After adjustment for potential confounding variables of age, race,
region of Michigan, household income, smoking, alcohol consumption, and partner’s sportfish
consumption, the ORs (and 95% confidence intervals) for men were 1.4 (0.5–3.9), 1.8 (0.6–5.0), and
2.8 (1.0–8.0). For women, unadjusted ORs were 0.9, 1.0, and 1.4; adjusted ORs were 0.8 (0.4–1.9),
0.8 (0.4–1.8), and 1.0 (0.4–2.4). The findings provide suggestive evidence that highest frequency of
consumption of Great Lakes sportfish in this study may be associated with an increased risk of conception
delay for men, but not for women. Analysis of the data controlled for several potential confounders, but
no information was collected regarding the subjects’ frequency or timing of sexual intercourse during the
period of attempting to conceive, the working status of the women, or the levels of biopersistent
chemicals, such as PCBs, CDDs, p,p’-DDE, hexachlorobenzene, or mercury, in biological samples from
the subjects.

The New York State Angler Cohort Study assessed, by interviews and self-administered questionnaires,
sportfish consumption, health status, and reproductive endpoints in groups of subjects who held New
York State fishing licenses in 1990–1991 and resided in counties adjacent to Lake Ontario (Vena et al.
1996). Findings for different reproductive or developmental endpoints from this study have been
reported in several reports (Buck et al. 1997; Kostyniak et al. 1999; Mendola et al. 1995, 1997).
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In a study of menstrual cycle length and fish consumption among 2,223 women in the New York State
Angler Cohort, women who consumed more than one Lake Ontario fish meal per month in 1991 reported
a statistically significantly shorter mean menstrual length than did referent women in the cohort who
never ate Lake Ontario sportfish (Mendola et al. 1997). The mean difference (adjusted for age and ever
having smoked) was 1.11 days when considering all of the surveyed women and 0.51 days when only
women who reported having regular menstrual cycles were included in the analysis (n=2,080). No
significant differences in menstrual cycle length were found between the referent group and women who
consumed #1 Lake Ontario fish meal per month in 1991 or women who consumed Lake Ontario fish in
the past. When the women were assigned indices of PCB exposure based on species-specific PCB levels
and 1991 fish consumption histories, similar results were found, with significantly shorter mean
menstrual cycle lengths (of a similar magnitude) only in the highest exposure category. No significant
differences in mean menstrual cycle length were found when the subjects were classified into groups
based on the number of years during which Lake Ontario fish were consumed. Limitations of the study
include the reliance on self-reported exposure data (biological samples were not collected and analyzed
for expected contaminants) and outcome data, and the lack of information on potential confounders such
as current smoking status, stress, and use of contraceptives. Mendola et al. (1997) noted that, although
the small decreases in menstrual cycle length are not likely to be clinically significant or of major public
health concern, they may indicate potential endocrine effects on a population level.

Buck et al. (1997) found no statistically significant associations between several measures of dietary
exposure to Lake Ontario fish and time-to-pregnancy, a measure of fecundity, among 874 women of the
New York State Angler Cohort who were pregnant between 1991 and 1993 and reported a known time
to-pregnancy. Exposure measures were self-reported and included years of Lake Ontario fish
consumption, number of meals per month in 1991, and a PCB index based on the amount, duration, and
type of fish consumed. As with other New York State Angler Cohort studies, limitations include the
reliance on self-reported exposure data and outcome data, and the lack of information on potential
confounding factors such as occupational exposures and current smoking status. In addition, women with
unplanned pregnancies were necessarily ruled out from the analysis; Buck et al. (1997) noted that this
may be a potential bias inherent in the study.

Kostyniak et al. (1999) reported that increasing levels of PCBs or DDE in breast milk (normalized for
lipid content) were significantly associated with decreasing number of months of lifetime lactation in a
sample of 98 lactating women from the New York State Angler Cohort. In this sample, PCB levels in
breast milk were significantly associated with self-reported measures of fish consumption, but DDE levels
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were not. The observed association is likely to be important in estimating dose rates for these chemicals
in nursing neonatal populations, but the relevance of the association to reproductive performance is not
clear.

Mendola et al. (1995) found no statistically significant associations between increased risk for
spontaneous fetal death and four measures of dietary exposure to Lake Ontario fish among
1,820 multigravid, fertile women from the New York State Angler Cohort. Four measures of exposure
were constructed for each subject based on fish consumption histories: (1) lifetime PCB exposure based
on species-specific PCB levels (subjects were placed in no, low, moderate, or high exposure classes);
(2) number of years of sportfish consumption; (3) kilograms of sportfish consumed in the 1990–1991
season; and (4) lifetime kilograms of sportfish consumed (no, low, moderate, or high exposure classes).
Spontaneous fetal death histories (ever having a pregnancy end in a miscarriage, spontaneous abortion, or
stillbirth) were obtained from New York State live-birth certificates. Logistic regression analyses to
examine possible associations were stratified by number of prior pregnancies and were controlled for
smoking and maternal age. Strengths of the study included sufficient statistical power to detect fairly
small increases in ORs and the reliability of reproductive history data on birth certificates. Limitations
included the focus on clinically recognized fetal deaths, which may not detect early pregnancy loss, the
self-reported nature of both exposure and outcome data, and the lack of biomarker monitoring to validate
the self-reported exposure data.

Developmental Effects and Great Lakes Fish Consumption: Human Studies

Three studies that examined physical variables such as birth weight in infants of mothers who consumed
Great Lakes fish before and during pregnancy reported variable results (Dar et al. 1992; Fein et al. 1984;
Lonky et al. 1996). Fein et al. (1984) reported that infants (n=242) of mothers who reported consuming
an average about two or three Lake Michigan fish meals per month (about 15 pounds per year) for an
average of about 16 years had statistically significant deficits in mean birth weight (5.2%) and head
circumference (1.6%), compared with infants (n=71) of non-fisheating Michigan mothers. In contrast,
Dar et al. (1992) found no statistically significant associations between self-reported prepregnancy
consumption of Lake Michigan fish in Green Bay, Wisconsin women and adverse reproductive outcomes
(e.g., still births, decreased birth weight, decreased head circumference), and found that birth weights
were often higher for mothers who claimed to eat more Lake Michigan fish prior to pregnancy. Dar et al.
(1992) noted that all of the subjects in the Michigan study exposed group (Fein et al. 1984) ate much
more Lake Michigan fish than most of the participants in the Wisconsin study. It was calculated that the
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exposure necessary to be selected for the Michigan exposed group was equivalent to the 96th percentile of
exposure in the Wisconsin study. Lonky et al. (1996) reported that no significant differences in birth
weight or head circumference were found in infants of groups of Oswego, New York women who
reported consuming, before giving birth, >40 pounds (n=152), <40 pounds (n=243), or no Lake Ontario
sportfish (n=164). Lonky et al. (1996) suggested that behavioral measures in infants may be more
sensitive to contaminants in Great Lakes fish than measures of physical development (see following
discussion of studies examining neurodevelopmental endpoints in groups of Great Lakes fisheaters).

A prospective study of children whose mothers consumed Lake Michigan fish before and during
pregnancy found small, but statistically significant, changes in neurological endpoints at several stages of
development compared with children of non-fisheating mothers (Fein et al. 1984; Jacobson and Jacobson
1996; Jacobson et al. 1984, 1985, 1990a, 1990b). The basis of the study was a 1980–1981 screening
interview of newly delivered mothers in four hospitals located near Lake Michigan in which women
reported the amount of each species of Lake Michigan fish they consumed before and during pregnancy
(Fein et al. 1984). Exposed mothers were those who had consumed at least 11.8 kg of fish over 6 years;
controls were selected at random from among women who did not eat Lake Michigan fish. Median
frequency of consumption in the exposed group was about two or three Lake Michigan fish meals per
month (average of 6.7 kg/year, standard deviation [SD]=5.8; [14.8 pounds/year]) for an average of about
16 years. Maternal fish consumption values were not significantly correlated with cord serum PCB
levels, but were significantly correlated with maternal serum PCB levels, which in turn were correlated
with cord serum PCB levels (Fein et al. 1984). Jacobson and Jacobson (1996) noted that due to analytical
limitations in the early 1980s, PCBs were below the level of detection in 70% of cord serum samples and
22% of maternal serum samples. The lack of consistency of correlations among these three variables may
be related to a lack of precision of the analytical methods at such low serum concentrations.

Fein et al. (1984) reported that, at birth, children (n=242) of all exposed mothers had statistically
significant deficits, compared with children (n=71) of non-fisheaters, in mean birth weight (5.2%), head
circumference (1.6%), and scores in the Ballard Examination for Fetal Maturity for gestational age (1.8%)
and neuromuscular maturity index (5.4%). These variables were adjusted for several potentially
confounding factors including maternal prepregnancy weight and consumption of alcohol and caffeine
prior to and during pregnancy.

Jacobson et al. (1984) reported that high maternal levels of fish consumption were associated with
increased likelihood of infants showing decreased scores on three of six clusters (response decrement,
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orientation, tonicity, range of state, regulation of state, and autonomic maturity) of the Neonatal
Behavioral Assessment Scale administered on the third day after birth: autonomic maturity, range of state,
and reflexes. Regression analyses indicated that levels of fish consumption were significantly associated
with two of the three autonomic items (decreased motor maturity and increased propensity to startle), one
of the four range of state items (limited lability of states, i.e., depressed responsiveness), and increased
number of weak reflexes. Incidence of infants with performance scores classified as “worrisome” in
autonomic maturity, reflexes, and range of state clusters were compared between non-exposed mothers
and a subset of exposed mothers who consumed >6.5 kg fish per year. Statistically significant increased
incidences of “worrisome” performance were found in the highly exposed group for reflexes (24/72) and
range of state (7/63), compared with respective non-exposed incidences (10/65 and 1/65, respectively);
but the increased incidence for autonomic maturity “worrisome” performance was of marginal (p<0.1)
statistical significance (6/73 compared with 1/65).

In a follow-up examination of 123 of these infants at the age of 7 months (92 exposed and 31 nonexposed), scores in a test of visual recognition memory showed a statistically significant decline (before
or after adjustment for a number of potentially confounding variables) with increasing maternally
reported fish consumption or with increasing cord serum PCB levels (Jacobson et al. 1985). No
significant relationship was found between declining visual recognition scores at 7 months of age and
increasing measures of PCB exposure from nursing (Jacobson et al. 1985).

At 4 years of age, 236 of the 313 children assessed at birth were evaluated for cognitive functioning using
McCarthy’s Scales of Children’s Abilities: verbal, perceptual-performance, quantitative, memory, motor,
and general cognitive index (Jacobson et al. 1990a). A step-wise multiple regression analysis with
several potentially confounding variables (maternal age, gravidity, and examiner) indicated that verbal
and memory scores significantly declined with increasing cord serum PCB levels. A similar analysis
indicated that memory scores also significantly declined with increasing measures of PCB exposure from
nursing. Further analysis, based on five levels of maternal milk PCBs and three nursing periods,
indicated that only the most exposed group significantly differed from the other groups. Jacobson et al.
(1990a) noted that maternal milk PCB level was correlated with maternal PCB body burdens (and thus
prenatal exposure) and that the memory deficit appeared to be unrelated to the amount of contaminated
breast milk that was consumed. Jacobson et al. (1990a) suggested that the effect of maternal milk PCB
level on memory performance reflected greater prenatal, rather than nursing, exposure. No significant
associations were found between cognitive functioning and concurrent PCB serum levels in the 4-year
olds. Jacobson et al. (1990b) also reported that body weight in female children at 4 years of age
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significantly declined with increasing cord serum PCB levels after adjustment for maternal and paternal
weight and height, maternal age, and gravidity, but was not significantly associated with maternal milk
PCB level, weeks of nursing, or serum PCB levels at 4 years of age. Composite ratings for reduced
behavioral activity provided by mothers and two independent examiners were significantly associated
with increasing concurrent serum PCB levels in the 4-year-olds and maternal milk PCB levels, but not
with cord serum PCB level or weeks of nursing (Jacobson et al. 1990b).

At 11 years of age, 212 of the original 313 children were evaluated in a battery of IQ and achievement
tests (Wechsler Intelligence Scales for Children, Wide Range Achievement Tests for Spelling and
Arithmetic, and Woodcock Reading Mastery test) (Jacobson and Jacobson 1996). Composite estimates of
prenatal exposure to PCBs were derived from concentrations in cord serum, maternal serum shortly after
delivery, and/or maternal milk samples obtained within 0.2– 4.5 months of delivery. This composite
estimate was used because PCB levels were below detection limits for 70% of cord serum samples and
22% of maternal serum samples due to analytical limitations during the early 1980s. For dose-response
analysis, children were grouped into one of five estimated prenatal exposure classes based on this
composite, expressed in units of :g PCB per gram of fat in milk: <0.5, 0.5– 0.74, 0.75– 0.99, 1–1.24, and
$1.25. Multiple regression analysis, which controlled for potential confounding factors such as

socioeconomic status and maternal education and vocabulary, indicated that prenatal exposure to PCBs
from maternal consumption of Lake Michigan fish was significantly associated with lower full-scale and
verbal IQ scores. Forty percent of the 30 children with the highest estimated prenatal exposure levels had
full-scale and verbal IQ scores that were below one standard deviation of the sample mean score
compared with 11% of the 148 children with lower prenatal exposure levels. These differences were
statistically significant. Using the same definition of poor performance in the reading mastery-word
comprehension test, 23% of high-exposure children had poor performances compared with 10% of the
less exposed children. No statistically significant associations were found between poor performance in
the IQ and achievement tests and measures of post-natal PCB exposure (PCB concentrations in milk,
number of weeks of nursing, or serum PCB levels of the children at 4 or 11 years of age).

The Michigan prospective study reported finding statistically significant associations between prenatal
exposure, and possibly lactational exposure, to PCBs from maternal consumption of Lake Michigan fish
and deficits in neonatal behavioral development (Jacobson et al. 1984), in short-term memory during
infancy (Jacobson et al. 1985), in short-term memory during early childhood (Jacobson et al. 1990a), and
in general intellectual ability during early school years (Jacobson and Jacobson 1996). Due to the
likelihood of co-exposure to a number of other biopersistent contaminants in Lake Michigan fish, the
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possible contribution of other potentially neurotoxic chemicals such as CDDs, CDFs, methylmercury,
DDE, and hexachlorobenzene is plausible and cannot be ruled out.

Causal relationships between PCB exposure and deficits in cognitive function in infants and children and
between Lake Michigan fish consumption and cognitive deficits are not definitively established by the
results due to several study limitations and a limited amount of corroborative results from other studies
(see following review of a study of Lake Ontario fish consumption and neurological development of
children). Strengths of the study include the prospective design and the collection and chemical analysis
of biological samples from the mothers and children to attempt to validate self-reported fish exposure.
Although the studies assessed a broad range of control variables, several reviewers (Danse et al. 1997;
Expert Panel 1994; Kimbrough 1997; Seegal 1996b) have suggested that the statistical analysis and study
design had a limited ability to control for potentially confounding variables and differences in
characteristics (such as prepregnancy weight and alcohol consumption) between the exposed and nonexposed groups. Seegal (1996b) suggested that a matched, rather than a random, control design may have
provided a better approach for controlling confounding variables. Several reviewers also have criticized
the interpretation of the PCB prenatal exposure data (Danse et al. 1997; Expert Panel 1994; Seegal
1996b). These reviewers questioned the validity of statements that the data demonstrate dose-response
relationships for cognitive deficits in children and prenatal PCB exposure from maternal fish
consumption, because PCB levels were below the detection limit in most of the cord serum samples (the
most direct available measure of prenatal exposure) and PCB levels in cord serum samples were not
significantly correlated with self-reported levels of maternal fish consumption. The results suggest an
association between exposure to contaminants in Lake Michigan fish and long-lasting subtle deficits in
cognitive function and activity in infants and children exposed in utero and via lactation, but do not
establish causal relationships.

The Oswego Newborn and Infant Development Project is a prospective study designed to examine
possible relationships between consumption of Lake Ontario fish by mothers before and during pregnancy
and behavioral effects in children at birth, 3, 6, 12, 24, 36, and 48 months; Lonky et al. (1996) reported
initial results from the assessment at birth. Volunteers were recruited at 20-week sonogram visits to an
obstetrics practice and interviewed between June 1991 and June 1994 to obtain information on Lake
Ontario fish consumption, health history, smoking and alcohol use, and other demographics. Children
were assigned to high- (>40 pounds of fish consumed in mothers’ lifetime), low- (<40 pounds of fish
consumed in mothers’ lifetime), and no-exposure groups using an exposure index that was based on
maternal species-specific fish consumption and a weighting factor based on PCB levels in Lake Ontario
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fish species. Means of 388 (SD=859), 10 (SD=18), and 0 (SD=0) lifetime PCB-weighted pounds of fish
consumed were calculated for the high-, low-, and no-exposure groups. The Neonatal Behavioral
Assessment Scale was administered to newborns at 12–24 and 25– 48 hours after birth. Scores (adjusted
for potential confounding factors by components analyses of demographic data; data on substances
consumed during pregnancy, chronic medical conditions, and other toxic exposure; and data on labor and
delivery complications and birth characteristics) for the high-exposure group were significantly lower on
the reflex, autonomic, and habituation clusters of the tests compared with the no-exposure group. No
significant differences were found between groups in birth weight, head circumference, or on the
orientation, range of state, regulation of state, or motor clusters of the behavioral tests. Strengths of the
Lake Ontario study include the prospective design, the controlling of potential confounding factors, and
the apparent similarities of the three groups in demographic characteristics. Limitations include the lack
of exposure data based on biological samples from the mothers or children, but Lonky et al. (1996)
reported that cord blood and maternal hair samples were collected, as were breast milk samples shortly
after birth, and were to be analyzed for total PCBs, PCB congeners, DDE, hexachlorobenzene, lead, and
mercury. Discussion of these results follows.

Analyses of the biological samples indicated that average total PCB concentrations in cord blood were
low (below 1 ppb) and were not significantly different between self-reported fisheaters and controls
(Stewart et al. 1999). In contrast, cord blood concentrations of PCB congeners with 7–9 chlorines,
expressed either as mole percentage or ppb, were significantly higher in fisheaters compared with
controls, but no significant differences in cord blood concentrations of less chlorinated PCBs (1–3 or
4–6 chlorines per molecule) were found between fisheaters and controls. Blood cord concentrations of
PCBs with 7–9 chlorines were significantly and positively correlated with breast milk concentrations, but
no significant relationships between blood cord and breast milk concentrations were found for PCBs with
1–3 or 4–6 chlorines (Stewart et al. 1999).

Linear trend analysis identified statistically significant relationships between lower scores on the
Habituation and Autonomic clusters of the Neonatal Behavioral Assessment Scale (given at 25–48 hours
after birth) and increasing cord blood levels of PCBs with 7–9 chlorines (Stewart et al. 2000b). For the
analysis, parent/child pairs were divided into four exposure groups based on cord blood concentrations of
PCBs with 7–9 chlorines: no detectable PCBs (n=173); bottom 33rd percentile (n=39); middle 33rd
percentile (n=40); and upper 33rd percentile (n=40). The analysis included potential confounding
covariates identified in an initial analysis of variance. Similar linear trend analyses found no significant
relationships between lower scores and levels of the following blood cord contaminants: PCBs with
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1–3 or 4–6 chlorines, DDE, hexachlorobenzene, lead, or mercury.

Neurological Effects and Great Lakes Fish Consumption: Human Studies

Mergler et al. (1998) examined possible associations between consumption of fish from two lakes of the
Upper St. Lawrence River and performance in a neurofunctional test battery in a group of 63 matched
pairs of fisheating and non-fisheating adult residents of Southwest Quebec. Matching was based on sex,
alcohol consumption, age, and education. Participants provided information on a questionnaire regarding
socio-demographic information, residential and medical history, and dietary practices including whether
they ate fish from Lake St. Francois and Lake St. Louis on a scale of never/ occasionally/ a few times a
month/ a few times a week. Paired analysis indicated that fisheaters had small, but significantly higher
mean levels of blood lead (4.4 :g/dL) and organic mercury (0.97 :g/L) than non-fisheaters (3.1 :g/dL
and 0.58 :g/L, respectively). Chemical analysis of blood samples did not include other organic
chemicals, such as PCBs or DDE, that are expected to be present in the fish. Paired t-test analysis
indicated that fisheaters had small (generally <10%), but statistically significant, performance deficits in
four of five tests of auditory learning or recall, three of three tests of cognitive flexibility, two of three
grapho-motor tests, one of three visual recognition and recall tests, two of three reaction time tests, and
one of three quantified neurological motor examination tests. No significant differences between group
performances were found in two fine motor movement tests or in three sensory tests. Strengths of the
study include the matched pair analysis to adjust for potential confounding factors and the extensive
battery of tests applied. The study was limited in that exposure data on fish consumption was limited and
self-reported and that chemical analysis of blood samples was restricted to metallic components. The
study was part of a larger study designed to examine neurotoxic effects from environmental exposure to
manganese; fish consumption was surveyed as a potential confounding factor. Mergler et al. (1998)
concluded that the two groups were similar in performance on motor and sensory tasks and tests of visual
recognition and recall, and that the fisheaters had small performance deficits in neurological tests
involving “higher levels of information processing”, i.e., auditory recall and word naming.

In 1993–1995, Schantz et al. (1999) examined hand steadiness and visual-motor coordination in a group
of 50- to 90-year-old Michigan residents who were part of a cohort of fisheaters and non-fisheaters who
reported in 1980–1982 that they consumed one or more Lake Michigan fish per week (>24 pounds/year;
fisheaters) or less than 6 pounds/year (non-fisheaters). Fisheaters’ median consumption was
38.5 pounds/year (range 24–270 pounds). Blood samples were collected from 180 of the 188 participants
(49 men and 55 women fisheaters and 34 men and 50 women non-fisheaters) and analyzed for PCBs,

18

DDE, polybrominated biphenyls (PBBs), hexachlorobenzene, oxychlordane, dieldrin, mirex, mercury,
and lead. Median concentrations of PCBs, DDE, lead, and mercury were significantly higher in fisheaters
compared with non-fisheaters. Schantz et al. (1996, 1999) noted that the elevations in serum lead and
mercury, although statistically significant, were most likely not of toxicological significance, and that
levels of PCBs and DDE were markedly higher than values for non-fisheaters and the general population.
Serum levels of PCBs and DDE were significantly correlated and were thus used as a single exposure
variable to place subjects into three categories: low = PCB and DDE levels at or below respective
medians; intermediate = PCB or DDE levels in third quartile of distributions; and high = PCB or DDE
levels in upper quartile. Multiple regression analysis, including age and gender as additional explanatory
variables, indicated that performances in the Static Motor Steadiness Test or the Grooved Pegboard Test
were not significantly associated with the PCB/DDE exposure variable. Performance in the Static Motor
Steadiness Test showed a marginally significant (p=0.052) trend test for improved performance with the
dominant hand (but not the non-dominant hand) with increasing exposure measure, but pairwise
comparison indicated no significant differences in adjusted mean scores for the three groups. Strengths of
the study include the single-blinded administration of the motor function tests, the adjustment for
potential confounding variables, and the collection and analysis of biological samples to verify fish
consumption exposure data. Limitations of the study include the cross-sectional design of the health
outcome data, the modest sample size that may have restricted statistical power to detect very subtle
changes in motor functions, and the restriction of neurological function assessment to motor functions.
Schantz et al. (1999) noted that subjects were also assessed on tests of memory and learning, executive
functions, and visual-spatial functions, and that results would be forthcoming. Schantz et al. (1999)
concluded that the findings suggest that PCB/DDE exposure from Great Lakes fish consumption has not
significantly impaired hand steadiness or visual-motor coordination in this sample of older adults who
were heavy consumers of Lake Michigan fish in the 1970s.

Health Effects in Animals Consuming Great Lakes Fish

A multigenerational rat study provided groups of rats (through 3 generations) with diets containing 0, 5,
or 20% (w/w) of lyophillized protein from chinook salmon harvested from either Lake Huron or Lake
Ontario (Feeley and Jordan 1998; Feeley et al. 1998; Pappas et al. 1998; Seegal et al. 1998; Tryphonas et
al. 1998b). The rats’ consumption of fish was reported to be approximately 15- or 60-fold greater than
that of average Great Lakes sportfish anglers. Daily intakes of major contaminants were calculated based
on chemical analysis of the diet and food intake data. Data for F1 female rats (Table 3) show that intakes
of CDDs, CDFs, PCBs, total DDT (including p,p’-DDE), and mercury increased with increasing intakes
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of Lake Huron or Lake Ontario salmon, but that intakes of lead did not (Feeley and Jordan 1998). These
data indicate that lead is not a contaminant of concern in salmon from these lakes.

No significant exposure-related adverse effects on reproductive parameters (mating, fertility, viability,
lactation indices, litter size) were found in either generation fed Lake Huron or Lake Ontario salmon
(Feeley et al. 1998). No consistent exposure-related effects were found across the generations on several
immunological variables (thymus weights, plaque-forming cell assay, mitogen-induced lymphocyte
proliferation, natural killer cell activity, and susceptibility to challenge with Listeria monocytogenes)
(Tryphonas et al. 1998b). No exposure-related effects on spatial reference memory, activity, exploration,
timidity, sensorimotor function, or behavioral stereotype were found in F1 and F2 offspring, but
impairment in a test of working memory (radial arm maze) was reported for F1 males fed the 20% Lake
Ontario fish diet and F2 males fed the 20% Lake Huron fish diet (Pappas et al. 1998). Decreased
concentrations of frontal cortical and striatal dopamine were found in F1, but not F2, rats fed the 20%
diets. These decreases in dopamine concentrations were hypothesized to be related to impaired working
memory in F1 males, but the association was not seen in F2 males with impaired working memory
(Seegal et al. 1998). Earlier studies found changes in behavioral responses to a novel situation (modified
open-field test; Hertzler 1990) or an aversive situation (reward reduction; Daly 1991) in rats fed Lake
Ontario fish diets (10–30%) for 20 or 60 days, but no significant behavioral response to reward reduction
was observed in the multigenerational study of rats exposed to Lake Ontario or Lake Huron fish diets for
up to 70 days (Feeley and Jordan 1998; Feeley et al. 1998; Pappas et al. 1998).
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Table 3. Daily Intake of Major Contaminants in Female F1 Rats Exposed to Diets
Containing 0, 5, or 20% (w/w) Lyophillized Lake Ontario Salmon Flesha
Source: Feeley and Jordan 1998
Contaminant

Control (0%)

5% diet

20% diet

Total CDD/CDF TEQ (ng/kg body weight/day)

0.019

0.238

0.918

Total CDD/CDF/coplanar PCB TEQ (ng/kg/body weight/day)

0.050

0.702

2.84

Total PCBs (:g/kg body weight/day)

0.22

23.20

82.37

Mirex (:g/kg body weight/day)

0.008

1.01

3.94

Total DDT (:g/kg body weight/day)b

0.127

4.36

18.55

Total chlordanes (:g/kg body weight/day)

0.028

0.491

1.71

Cadmium (:g/kg body weight/day)

0.318

0.340

0.496

Lead (:g/kg body weight/day)

2.83

2.62

2.67

Total mercury (:g/kg body weight/day)c

0.849

5.22

18.00

Arsenic (:g/kg body weight/day)

0.99

5.44

25.31

a

Intakes were calculated based on food intake data for rats between 7 and 12 weeks of age. The complete data table in Feeley
and Jordan (1998) shows that intakes were qualitatively similar, but generally were somewhat smaller, for males compared
with females, and for F0 rats compared with F1 rats. Rats fed diets containing 0, 5 or 20% (w/w) lyophillized Lake Huron
salmon flesh showed similar qualitative and quantitative aspects of contaminant intakes, except that intakes of mirex from the
Lake Huron diet were about 10-fold less than mirex intakes from the Lake Ontario diets, and intakes of PCBs, dioxin TEQs,
and DDT were about 1.5- to 3-fold less.
b
The DDT complex (p,p’-DDT, p,p’-DDE, and p,p’-DDD) accounted for 75 and 60% of organochlorine pesticide residues in
the Lake Huron and Lake Ontario fish, respectively. The analysis also included quantification of a wide range of
organochlorine compounds including hexachlorobenzene, toxaphene, endosulfan, and octachlorostyrene, but individual
concentrations were not reported by Feeley and Jordan (1998). Total DDT was predominately comprised of p,p’-DDE; the
ratio of p,p’-DDE concentration to p,p’-DDT concentration in the fish ranged from about 7 to 8.7 (Feeley and Jordan 1998).
c
Metals were quantified as total metal; no attempt to quantify relative contributions from organic and inorganic forms was
reported.

The significant decreases in rat brain regional concentrations of dopamine induced by the Lake Ontario or
Lake Huron fish diets were associated with daily intakes between 13.9 and 74.3 :g/kg/day PCB, whereas
dietary exposure to 2,2',4,4'-tetrachlorobiphenyl, one of the more potent neurotoxic PCBs in an in vitro
assay, required doses as high as 10 or 20 mg/kg/day to effect similar changes in regional dopamine
concentrations (Seegal 1999). Seegal (1999) hypothesized from this comparison that neurological deficits
noted in offspring exposed in utero and during lactation to fish-borne contaminants may be due to either
contaminants other than PCBs or to interactions between PCBs and other neurotoxicants in the fish.
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Rats fed a 30% diet of Lake Ontario salmon for 20 or 65 days showed behavioral deficits (reduced
persistence in a progressive-ratio reinforcement schedule), increased brain concentrations of PCBs, DDE,
and mirex, and increased brain concentrations of highly chlorinated PCBs, compared with rats fed a
standard rat chow diet or a 30% diet of Pacific Ocean salmon (Stewart et al. 2000a). Stewart et al.
(2000a) noted that although the behavioral deficits were related to the increased PCB levels in the brain of
the rats, other contaminants in Lake Ontario salmon may contribute to the observed deficits.

In a reproduction study of minks fed diets formulated to provide 0, 0.25, 0.5, or 1.0 ppm PCBs by
substituting carp harvested from Saginaw Bay of Lake Huron for ocean fish in the control diet,
survivability of F1 and F2 offspring was markedly decreased in the mid- and high-dose carp-fed groups
compared with controls (Restum et al. 1998). Other chlorinated hydrocarbons detected in the carp used in
this study included CDDs, CDFs, p,p’-DDT, p,p’-DDT, chlordane, nonachlor, and dieldrin. The reduced
survivability of the F1 offspring predominately occurred after birth during the lactation period. For
example, the first F1 litter produced by the F0 generation showed a 70.5% survivability at birth
(compared with 94.6% in controls), but by the end of lactation, 6 weeks after birth, the average
survivability was 23% (compared with about 73% in controls). In several exposure groups, there were
decreased percentages of mated females that gave birth, but the decreases were not statistically
significant. The failure to demonstrate statistical significance may have been due to small sample sizes
(due to reduced survival in the exposed F1 generation) for several of these groups. For example, in a
high-dose F1 group, 2/4 mated females gave birth (50%), compared with 11/14 (79%) in the F1 control
group. Results from this mink study are contrasted by those from the multigenerational rat study showing
no decrease in offspring survival in rats fed Lake Huron or Lake Ontario salmon through two generations
of breeding (Feeley et al. 1998). From the available information, it is not possible to determine if the
different results from the mink and rat studies are due to physiological or biochemical differences
between minks and rats, qualitative or quantitative differences in chemical composition of the fish flesh,
or some other cause.

Health Effects and Great Lakes Fish Consumption: Summary

No studies were located examining immunological endpoints in humans exposed to Great Lakes fish in
the diet. No consistent exposure-related effects were found on several immunological variables (thymus
weights, plaque-forming cell assay, mitogen-induced lymphocyte proliferation, natural killer cell activity,
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and susceptibility to challenge with Listeria monocytogenes) in a multigenerational study of rats fed Lake
Huron or Lake Ontario salmon (Feeley et al. 1998; Tryphonas et al. 1998b).

Studies examining reproductive endpoints in people whose diets contained Great Lakes fish have found
suggestive evidence that consumption of Great Lakes fish may not be associated with increased risk for
spontaneous fetal death (Mendola et al. 1995) and may be associated with increased risk of conception
delay for men, but not for women (Buck et al. 1997; Courval et al. 1999) and slightly shorter length of
menstrual cycle (Mendola et al. 1997) and duration of lactation in women (Kostyniak et al. 1999).
However, the strength of the human evidence that consumption of Great Lakes fish may or may not be
associated with adverse effects on reproductive abilities is weak given the small magnitude of effects
when they have been detected and the limitations of the studies, such as the lack of information on
potential confounding factors and the self-reported nature of the exposure data. In animals, no effects on
reproductive ability, neonatal survival, or physical development of neonates were found in a
multigenerational study of rats consuming diets containing up to 60-fold more Lake Ontario or Lake
Huron salmon than diets of average Great Lakes sportfish anglers (Feeley et al. 1998). In a
multigeneration study of minks fed carp from the Saginaw Bay of Lake Huron, no consistent, statistically
significant effects on several reproductive performance variables were found, but markedly reduced
neonatal survival occurred (Restum et al. 1998). It is unknown if the differences in the rat and mink
studies are due to possible species differences in neonatal survival response or differences in contaminant
content in the administered diets.

The limited studies of reproductive endpoints in humans and animals exposed to Great Lake fish in the
diet do not provide consistent evidence that human consumption of Great Lakes fish present obvious risks
for impaired reproduction, but further investigation of the reduced neonatal survival in carp-fed minks
may be useful to explore possible relevance to human exposure scenarios.

Three studies that examined physical developmental variables such as birth weight in infants of mothers
who consumed Great Lakes fish before and during pregnancy reported variables results (Dar et al. 1992;
Fein et al. 1984; Lonky et al. 1996). One study (Fein et al. 1984) reported small, but statistically
significant, deficits in birth weight and head circumference in newborns of mothers who consumed Lake
Michigan fish, but similar results were not found in studies of Wisconsin (Dar et al. 1992) and New York
(Lonky et al. 1996) infants of Great Lakes fisheating mothers. No standard developmental toxicity
studies of animals exposed to Great Lakes fish in the diet were located. However, physical
developmental variables were not statistically significantly affected in multigenerational studies of rats
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and minks exposed to Great Lakes fish in the diet (Feeley et al. 1998; Restum et al. 1998). In general, the
studies of physical developmental endpoints in humans and animals do not provide consistent evidence
that consumption of Great Lakes fish may increase risk for adverse effects.

Despite limitations in study design, the Michigan prospective study of neurodevelopment in children of
Lake Michigan fisheating mothers suggests an association between frequent consumption of
contaminated Great Lakes fish by women and long-lasting, subtle deficits in cognitive behavior and
activity in their children (Jacobson and Jacobson 1996; Jacobson et al. 1984, 1985, 1990a). Due to the
likelihood of co-exposure to a number of biopersistent contaminants in Great Lakes fish, the possible
contribution of several potentially neurotoxic chemicals, such as PCBs, CDDs, CDFs, methylmercury,
DDE, and hexachlorobenzene, is plausible and cannot be ruled out. The first phases of a similar ongoing
prospective study of neurodevelopment in children of Lake Ontario fisheating mothers also found
evidence for subtle behavioral deficits in newborns of these mothers compared with newborns of non
fisheating women (Lonky et al. 1996; Stewart 1999, 2000b). Both studies reported statistically
significant associations between indices of prenatal exposure to PCBs from maternal consumption of fish
and deficits in neonatal behavioral development (Jacobson et al. 1984; Lonky et al. 1996; Stewart et al.
1999, 2000b).

In a multigenerational study of rats exposed to diets containing Lake Huron or Lake Ontario salmon at
several levels, impairment in a test of working memory was reported for F1 males fed the high-exposure
Lake Ontario fish diet and F2 males fed the high-exposure Lake Huron fish diet (Pappas et al. 1998) and
decreased concentrations of frontal cortical and striatal dopamine were found in F1, but not F2, rats fed
diets containing the highest level of fish (Seegal 1999; Seegal et al. 1998). Other studies (Daly 1991;
Hertzler 1990; Stewart et al. 2000a) found changes in behavioral responses in rats fed Lake Ontario fish
diets that were not replicated in the multigenerational study (Feeley and Jordan 1998; Feeley et al. 1998;
Pappas et al. 1998). Although the neurobehavioral and neurochemical results from the rat studies are
somewhat equivocal due to inconsistencies, and the levels of dietary exposure at which effects were
observed are expected to be 15- to 60-fold higher than those experienced by most people whose diet
included Great Lakes sportfish, the animal results provide some supporting evidence for the plausibility
of an association of neurodevelopment deficits in children of mothers who frequently consume
contaminated Great Lakes fish.

Assessments of neurological endpoints in adult Great Lakes sportfish consumers are restricted to a study
finding statistically significant relationships between small performance deficits in tests of attention and
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motor function and an index of fish consumption in a group of Quebec adults whose diet included fish
from the St. Lawrence Lakes (Mergler et al. 1998) and another study finding no statistically significant
relationship between fine motor performance and an index of fish consumption in a group of elderly
(50–90 years of age) adults whose diets included varying amounts of Great Lakes fish (Schantz et al.
1999).

In summary, frequent dietary consumption of contaminated Great Lakes fish by child-bearing-aged
women has been associated in two prospective epidemiological studies with changes in the neurological
development of their children (Fein et al. 1984; Jacobson and Jacobson 1996; Jacobson et al. 1984, 1985,
1990a, 1990b; Lonky et al. 1996; Stewart 2000b), but other studies provide no consistent evidence that
consumption of Great Lakes fish presents obvious risks for impaired reproduction, impaired immune
capabilities, or physical birth defects (Buck et al. 1997; Courval et al. 1999; Feeley and Jordan 1998;
Feeley et al. 1998; Hertzler 1990; Kostyniak et al. 1999; Mendola et al. 1995, 1997; Vena et al. 1996).
Some support for the plausibility of an association between neurological effects and frequent
consumption of Great Lakes sportfish is provided by studies of animals fed very large amounts of Great
Lakes fish (Daly 1991; Hertzler 1990; Pappas et al. 1998; Seegal et al. 1998; Stewart et al. 2000a), but the
overall weight of the evidence is inadequate to determine causal relationships between fish consumption
and health hazards in humans. In addition, the studies cannot determine with certainty which chemicals
in the fish may cause the potential effects, or determine modes of joint toxic actions that may occur
among the components of the complex chemical mixture. PCBs have been proposed as a toxicant
involved in the possible association between maternal fish consumption and altered childhood
neurological development based on statistically significant associations between PCB levels in maternal
fluids and neurological deficits in children (Fein et al. 1984; Jacobson and Jacobson 1996; Jacobson et al.
1984, 1985, 1990a, 1990b; Lonky et al. 1996; Stewart et al. 2000b), but other hypotheses have been
proposed, including the possible involvement of other persistent chemicals in contaminated fish or
synergistic interactions between PCBs and other neurotoxicants in fish (see Bemis and Seegal 1999 or
Seegal 1999 for discussion).

Thus, although the studies of Great Lakes fish consumption by humans and animals do not provide
conclusive evidence of causation, or of dose-response relationships with all five mixture components,
they are useful in identification of endpoints for further consideration as possible endpoints of concern for
the mixture, in particular, neurodevelopmental effects.

25

2.1.2 Studies of Health Effects Associated with Consumption of Baltic Sea Fish

There are several studies examining health endpoints in groups of Swedish people whose diet included
fatty fish (e.g., herring, salmon, mackerel, or eel) from the Baltic Sea including an examination of
immunological and hepatic endpoints (Svensson et al. 1994), a series of studies examining birth weight of
infants (Rylander and Hagmar 1995, 1999; Rylander et al. 1996, 1998a, 1998b), and an examination of
body height and weight and performance in a psychometric test in 18-year-old males (Rylander and
Hagmar 1999). There is also a study of immunological endpoints in groups of captive harbor seals fed
herring from either the Baltic Sea or the relatively uncontaminated Atlantic Ocean (Ross et al. 1995).
Monitoring studies indicate that fatty fish from the Baltic Sea are contaminated with halogenated aromatic
hydrocarbons including CDDs, CDFs, and PCBs, DDT and its metabolites, DDD and DDE, other
halogenated pesticides such as hexachlorobenzene, and organic mercury, although there are indications
that levels of contaminants in Baltic Sea fatty fish have been declining in the past 20 years (Bignert et al.
1998; Svensson et al. 1994).

Blood levels of DDT and several CDDs, and PCBs, DDT, and erythrocyte levels of methylmercury were
significantly elevated in a subset of a group of 23 male Baltic Sea fish consumers compared with 20 male
nonconsumers (Svensson et al. 1994; Table 4). Blood samples from all 23 fisheaters and 20 controls were
also analyzed for white blood counts, immunoglobulins, numbers of different types of lymphocytes,
serum bilirubin levels, and serum liver enzyme levels. The high consumers had lower median proportions
and numbers of natural killer cells (lymphocytes carrying the CD56 marker) in peripheral blood than
nonconsumers (5.9 versus 9.7% and 0.1x109/L versus 0.2x109/L), but the differences were of marginal
statistical significance (p values ranged from 0.06 to 0.15). No other significant differences between the
groups were found for other immunological endpoints including total neutrophil and leukocyte counts,
counts of other subpopulations of lymphocytes, and serum levels of immunoglobulins and C-reactive
protein. Levels of serum bilirubin and liver enzyme activities were not significantly different between the
groups. Statistically significant correlations were found for decreases in proportions or numbers of
natural killer cells and (1) increased fish consumption and (2) increased plasma levels of several PCB
congeners or p,p’-DDT, but the correlations were not statistically significant for plasma levels of other
PCB congeners, total toxic equivalents of CDDs+CDFs, or erythrocyte levels of organic mercury. The
small number of subjects included in this study limited its statistical power of detection.
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Table 4. Median Levels of Persistent Chemicals in High Consumers and
Nonconsumers of Baltic Sea Fatty Fish (Source: Svensson et al. 1994)c
High consumers (n=7–9)

Nonconsumers (n=4)

64a
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Non-ortho-PCBs (i.e., co-planar) in
plasma (pg/g)
3,3',4,4'
3,3',4,4',5
3,3',4,4',5,5'

0.2a
2.8a
1.9

0.08
1.1
0.7

ortho- PCBs in plasma (ng/g)
2,3',4,4',5
2,2', 4,4', 5,5'

0.5a
3.6a

0.2
1.7

p,p’-DDT in plasma (ng/g)b

0.4a

0.06

Organic mercury in erythrocytes
(ng/g)

8.4a

1

Toxic equivalents of CDDs/CDFs
in blood fat (pg/g)

Significantly (p#0.05) higher than nonconsumer level.
Report indicated that only p,p’-DDT was quantified, but monitoring studies of contaminants in flesh from several fatty fish
species from the Baltic Sea indicated that ratios of sums of DDT, DDE, and DDD concentrations to DDT concentrations
ranged from about 2 to 10 (Bignert et al. 1998).
c
Data in this table are consistent with a study comparing blood levels of organochlorine compounds and mercury in a larger
number of Swedish fishermen and non-fishermen matched for age and county of residence (Svensson et al. 1995). Baltic Sea
(east coast, n=150) and Atlantic (west coast, n=100) fishermen ate almost 2 times more fatty fish meals per week than nonfishermen referent groups. Blood levels of methylmercury were about 2 times higher in both fishermen groups than levels in
referent groups (median levels were about 20 nmol Hg/L vs. 10 nmol Hg/L). Pooled plasma samples from Baltic Sea
fishermen showed levels of CDDs, CDFs, and PCBs that were 2–6 times higher than levels in Atlantic fishermen and referent
groups (Svensson et al. 1995).
a

b

Although the study by Svennsson et al. (1994) found no statistically significant changes in immunological
endpoints in human males consuming Baltic Sea fish, Ross et al. (1995) reported that a group of
11 captive harbor seals fed Baltic Sea herring for 2.5 years displayed significantly diminished delayedtype hypersensitivity (DTH) responses (skin swelling and antibody titer) to an intradermal ovalbumin
skin challenge compared with the responses of a group of 11 seals fed Atlantic Ocean herring. Analysis
of blubber biopsies of the seals, taken after 2 years of feeding, showed that Baltic Sea-fed seals had
significantly higher concentrations of chlorinated aromatic hydrocarbons than Atlantic Ocean-fed seals.
Concentrations (expressed as Ah-receptor toxic equivalents) of mono and diortho PCBs, planar PCBs,
and combined CDDs and CDFs for Baltic-fed and Atlantic-fed seals were: 140 and 36 ng toxic equivalent
(TEQ)/kg lipid; 51 and 22 ng TEQ/kg lipid; and 18 and 4 ng TEQ/kg lipid, respectively. Biopsy samples
were not analyzed for p,p’-DDE, hexachlorobenzene, or methylmercury, but it is likely, based on results
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from other studies (Bignert et al. 1998; Svensson et al. 1994), that these compounds were present in the
Baltic Sea herring.

Results from a series of studies provide limited evidence that women who frequently consume Baltic Sea
fish may have an increased risk of having children with low birth weights (Rylander et al. 1995, 1996,
1998a, 1998b). The results from the studies, however, do not establish a causal association between
increased risk for low birth weight and consumption of Baltic Sea fish, because the association does not
appear to be strong (some of the analyses found associations of only marginal statistical significance, and
elevations in ORs that were statistically significant were not large), the magnitude of the possible effect
does not appear to be large (median birth weight values for exposed cohorts were generally <5% lower
than values in referent groups), and dose-response relationships were not demonstrated (no consistent
evidence was found for increasing risk for low birth weight or decreasing birth weight values with
increasing indices of fish consumption).

In the first study, birth weights of infants born between 1973 and 1991 were compared between cohorts of
Swedish fishermen’s wives from the east coast (Baltic Sea) and west coast (Atlantic Ocean) and
respective regional populations (Rylander et al. 1995). The east- and west-coast cohorts contained
1,501 and 3,553 children, respectively. Interviews of subsets of 69 women from the fishermen’s wives
cohorts and a referent group indicated that the east- and west-coast groups ate locally caught fish more
than twice as often than the referent group. Using 2,500 or 3,000 g as reference values defining low birth
weight, the east-coast cohort showed marginally significantly elevated ORs for frequency of low birth
weights (adjusted for year of birth, maternal age, and parity) compared with regional referent values
(OR=1.22, 95% confidence interval [CI] 0.98–1.52; and OR=1.13, 95% CI 1.00–1.27); ORs for the westcoast cohort were not elevated. Median birth weight for the east-coast cohort (3,530 g) was slightly, but
significantly, lower than that for the west-coast cohort (3,610 g). After excluding subjects without
smoking information, with multiple births, or with major malformations, ORs for low birth weight
(adjusted for maternal age, parity, marital status, and smoking habits) remained elevated for the east-coast
cohort (OR=1.25, 95% CI 0.87–1.77 and OR=1.44, 95% CI 1.18–1.76, for respective reference values of
2,500 and 3,000 g).

The second study (Rylander et al. 1996) was a case-control analysis of 72 cases of low birth weight
(1,500–2,750 g) from the east-coast maternal cohort and 154 referent cases with birth weights between
3,250 and 4,500 g, selected from the same cohort and matched to the cases according to gender, parity,
and year of birth. Mothers were interviewed regarding dietary and smoking habits and place of living
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during childhood and adolescence. The habit of currently eating at least four Baltic Sea fish meals per
month was associated with an elevated risk of marginal statistical significance for having an infant with
low birth weight (OR=1.9, 95% CI 0.9–3.9; adjusted for maternal age and smoking habits). No evidence
of increasing risk for low birth weight with increasing current fish consumption was found, and no
statistically significant associations were found between increased risk for low birth weight and
consumption of Baltic Sea fish during the period when the infant was born. After adjustment for maternal
age and smoking habits during the year of childbirth, a statistically significant association was found
between increased risk for having a low birth weight infant and growing up in a fishing village (OR=2.1,
95% CI 1.0–4.3).

A third study examined birth weights of 1,719 and 2,682 infants born between 1973–1993 to 1,030 and
1,537 mothers who were sisters of fishermen from the Swedish east and west coasts, respectively
(Rylander et al. 1998a). Using 2,500 or 3,000 g as reference values for low birth weights, east-coast
fishermen’s sisters had a significantly increased risk for having a low-birth-weight infant compared with
the general population. Respective ORs and 95% CIs were 1.6 [1.1–2.3] or 1.3 [1.1–1.5], excluding
multiple births and infants with major malformations, but the report did not indicate if adjustments were
made for confounding from smoking habits.

The latest study in the series was a case-control analysis of 57 cases of east-coast fishermen’s wives who
had infants with low birth weights (1,500–2,750 g) and 135 referent cases with birth weights between
3,250 and 4,500 g, selected from the same cohort and matched to the cases according to gender, parity,
and year of birth (Rylander et al. 1998b). Plasma levels of 2,2',4,4',5,5'-hexachlorobiphenyl (CB 153)
were measured in the mothers in 1995. No statistically significant association was found between
increased risk for low birth weight and 1995 plasma levels of CB153 >200 ng/g (OR=1.8, 95% CI
0.8–4.0, adjusted for maternal age and smoking habit during year of birth). Plasma concentrations during
the year of childbirth were estimated from the 1995 values, using a kinetic model that assumed a 33%
reduction of body burden for each lactation period, a 5-year biologic half-life during non-lactating
periods, and either a 3 or 5% yearly reduction in levels of CB153 in dietary fish. Associations of
marginal statistical significance were found between increased risk of low birth weight and birth-year
maternal plasma concentrations of CB153 >300 ng/g under the assumption of a 3% yearly reduction in
CB153 levels in fish (OR=2.1, 95% CI 1.0–4.7), or concentrations >400 ng/g with a 5% yearly reduction
assumption (OR=2.3, 95% CI 0.9–5.9).

In a related study, body height and weight and performance on a military-service-enrollment
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psychometric test were examined in 18-year-old males whose mothers’ were married to fishermen of the
east coast (n=268) or west coast (n=510) of Sweden (Rylander and Hagmar 1999). No statistically
significant differences in distributions of body height or weight or in distribution of scores for the
psychometric test were found for either group of fishermen’s sons compared with regional expectations.

In summary, results from the studies of Baltic Sea fish consumption include limited evidence that women
who frequently eat Baltic Sea fish may have increased risk for having children with low body weight at
birth (Rylander et al. 1995, 1996, 1998a, 1998b), no convincing evidence that 18-year-old sons of Baltic
Sea fishermen’s wives were smaller or performed differently on a psychometric test compared with the
general population (Rylander and Hagmar 1999), no statistically significant changes in several
immunological endpoints or indices of hepatic damage in men who frequently consumed Baltic Sea fish
(Svensson et al. 1994), and significantly diminished delayed-type hypersensitivity responses indicating
impaired immunological competence in captive harbor seals fed Baltic Sea herring for 2 years compared
with seals fed Atlantic Ocean herring (Ross et al. 1995). Thus, impaired immunological competence and
low birth weight are plausible health hazards from dietary exposure to mixtures of chemicals in Baltic Sea
fish, but the data are inadequate to establish causal relationships between fish consumption and effects in
humans. The studies do not clearly demonstrate dose-response relationships for the potential health
hazards, and because of design limitations, they cannot determine with certainty the components that may
cause the effects, or determine modes of joint toxic action among the mixture components.

Although the studies of Baltic Sea fish consumption by humans and animals do not provide conclusive
evidence of causation, or of dose-response relationships with all five mixture components, they are useful
in identification of endpoints for further consideration as possible endpoints of concern for the mixture.
These endpoints are immunological and developmental (low-birth weight).

2.2 Component Mixtures

No studies were located that examined health effects in humans or animals exposed to four- or threemembered mixtures of the five components of concern. No PBPK/PD models were found for four-,
three-, or two-membered mixtures of these chemicals. The following subsections present evaluations of
health effects data and discussions of mechanistic information pertinent to the joint toxic action of each
pair of components.
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2.2.1 2,3,7,8-TCDD and Hexachlorobenzene

No studies were located that compared effects on health endpoints following oral exposure to binary
mixtures of 2,3,7,8-TCDD (or other CDDs) and hexachlorobenzene with effects following exposure to
the compounds alone.

Hexachlorobenzene competitively inhibited the binding of 2,3,7,8-TCDD to Ah-receptor sites in in vitro
rat hepatic cytosol preparations (Hahn et al. 1989). The affinity of hexachlorobenzene for the Ah receptor
was about 10,000-fold lower than that of 2,3,7,8-TCDD. Rats fed a diet containing 3,000 ppm hexa
chlorobenzene for 4–7 days showed a decrease in TCDD-binding specific activity in hepatic cytosol
preparations compared with activity in preparations from control rats (Hahn et al. 1989). The decrease
was principally due to a decrease in the number of Ah-receptor-binding sites in the cytosol (Hahn et al.
1989). Such a decrease in cytosolic Ah-receptor levels has been observed following administration of
other Ah receptor ligands (such as TCDD and 3-methylcholanthrene) and has been proposed to be due to
movement of ligand-receptor complexes into the nucleus (see Appendix A).
In immature rats given single intraperitoneal doses of hexachlorobenzene (400 :mole/kg in corn oil =
113.9 mg/kg), two days before injection of 10 or 30 :g/kg doses of 2,3,7,8-TCDD in corn oil, decreases
in body weight gains and relative thymus weights, compared with controls, were much larger than in rats
given 10 or 30 :g/kg 2,3,7,8-TCDD (0.031 or 0.093 :mole/kg) alone (Li et al. 1989). For example,
13 days after injection of 30 :g/kg TCDD, rats with hexachlorobenzene pretreatment had lost an average
of about 10 grams of body weight and had an average relative thymus weight <0.01% of body weight
(some of the rats in this group were athymic) compared with a body weight gain of about 40 grams and a
relative thymus weight of 0.15% in rats given 30 :g/kg 2,3,7,8-TCDD alone. During this 13-day period,
control rats showed a body weight gain of 80 grams and relative thymus weight of 0.25%. Single doses
of hexachlorobenzene alone, as high as 3,000 :mole/kg, had no effect on body weight gain or relative
thymus weight.

Because hexachlorobenzene exposure alone showed no effects on body weight gain or thymus weight, the
data appear to indicate that hexachlorobenzene pretreatment potentiates these effects of 2,3,7,8-TCDD,
which have been proposed to be mediated via the Ah receptor. Three days after injection of
400 :mole/kg hexachlorobenzene, cytosolic levels of the Ah receptor in the thymus, lung, and kidney
(but not in the liver) were decreased by about 50% compared with vehicle controls. After 14 days,
thymic Ah receptor levels returned to levels similar to control levels, but remained depressed in the lung
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and kidney. Li et al. (1989) also observed that sole administration of hexachlorobenzene or TCDD
induced hepatic cytochrome P-450 (CYP) enzyme activity levels (arylhydrocarbon hydroxylase [AHH]
and ethoxyresorufin O-deethylase [EROD]) that persisted 15 days after dose administration, but enzyme
levels induced by hexachlorobenzene at the maximum level tested (3,000 :mole/kg) were 50% lower than
maximum levels induced by 30 :g/kg 2,3,7,8-TCDD. Li et al. (1989) noted that the mechanistic
significance of hexachlorobenzene-induced changes in Ah receptor levels, CYP enzyme induction
patterns, and potentiation of 2,3,7,8,-TCDD toxicity was unknown.

One possible expectation of the effect of a hexachlorobenzene pretreatment, or simultaneous exposure to
large doses of hexachlorobenzene and small doses of 2,3,7,8-TCDD, is that, by depleting cytosolic levels
of the Ah receptor, hexachlorobenzene may inhibit formation of TCDD-Ah receptor complexes and
subsequent development of TCDD toxic effects. This is the opposite, however, of what was observed in
the Li et al. (1989) rat study. Subsequent studies providing confirming evidence for hexachlorobenzene
potentiation of acute TCDD toxicity and a plausible mechanistic explanation were not located. One
possible partial explanation of the observation is that the potentiation may involve hexachlorobenzene
interacting with some unidentified component, other than the Ah receptor, of the mechanism by which
acute exposure to TCDD produces body weight wasting and thymic atrophy.

It is unknown if the apparent potentiation of TCDD toxicity by hexachlorobenzene is dependent on the
absolute dose levels of the two agents. TCDD alone at the tested dose levels produced impaired body
weight gain and decreased thymus relative weights, whereas hexachlorobenzene alone, at dose levels up
to 7- to 8-fold higher than the dose which was potentiating, was without effect on these endpoints. Other
animal studies have reported that oral exposure to hexachlorobenzene can produce thymic atrophy and
decreased body weight gain that may be similar to the wasting syndrome produced by 2,3,7,8-TCDD
(Barnett et al. 1987; Courtney 1979; Smith et al. 1987; Vos 1986), but intraperitoneal doses of hexa
chlorobenzene alone that were examined in the Li et al. (1989) study were not high enough to cause these
effects in the rat strain that was studied. Other issues of uncertainty regarding the observed apparent
potentiation include whether it is dependent on:

!

the sequence of exposure (will it also occur with simultaneous exposure to TCDD and hexa
chlorobenzene?);

!

the relative dose levels of the two compounds (the potentiating dose of hexachlorobenzene was
approximately 4,000- or 13,000-fold greater than the dose levels of TCDD on a :mole/kg
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basis—is this a requirement for the apparent potentiation?);

!

the duration and route of exposure (will long-term coexposure to oral hexachlorobenzene and
TCDD produces the same potentiation as acute, intraperitoneal exposure?); and

!

the type of TCDD-induced effect. (For example, although hexachlorobenzene potentiated
TCDD-induced thymic atrophy, it is uncertain that hexachlorobenzene will potentiate TCDD
immunosuppression. In humans, childhood and adult thymectomy produces no adverse effects on
immune function. In addition, thymectomy of adult animals did not modify TCDD-induced
suppression of antibody response to sheep red blood cells, and suppression of immune responses
occurred at dose levels significantly lower than those required to produce thymic atrophy in adult
animals [see Kerkvliet 1994 for review]).

In summary, an acute intraperitoneal administration study of rats found that pretreatment with hexa
chlorobenzene potentiated 2,3,7,8-TCDD-induced effects on body weight and thymus weight (Li et al.
1989), but the study design has several limitations (e.g., incomplete characterization of the dose-response
relationships for the individual compounds and dependence of the apparent potentiation on relative dose
levels) that do not allow a full characterization of the possible potentiation of hexachlorobenzene on these
TCDD effects. No additional studies were located that further examined or replicated this effect, and a
plausible mechanistic explanation of the reported potentiation is not readily apparent.

Studies designed to examine the possible influence of 2,3,7,8-TCDD on hexachlorobenzene toxicity were
not located. Oxidative metabolism of hexachlorobenzene is important to the expression of hexachloro
benzene induction of hepatic porphyria and perhaps other hexachlorobenzene-induced effects, but the
involvement of the parent material in some effects has also been proposed (e.g., thyroid disruption; see
van Raaji et al. 1993 and Appendix B). 2,3,7,8 TCDD is well-known as a potent inducer of CYP1A
isozymes (Kohn et al. 1996), but rat experiments with triacetyloleandomycin (TAO), a selective inhibitor
of CYPIIIA, indicate that CYPIIIA enzyme activities are important for the expression of hexachloro
benzene hepatic porphyria (den Besten et al. 1993). den Besten et al. (1993) postulated that
uroporphyrinogen decarboxylase is inhibited by an as yet unidentified reactive intermediate that is formed
in the liver during the CYPIIIA-catalyzed transformation of hexachlorobenzene to pentachlorophenol,
based on observations that repeated exposure of rats to high doses of pentachlorobenzene (which is also
metabolized to pentachlorophenol and tetrachlorohydroquinone) did not induce porphyria. Even if
TCDD may induce enzymes involved in the metabolism of hexachlorobenzene, capabilities of
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downstream enzymes (e.g., Phase II enzymes) may be sufficient, or may also be induced, so that
increased concentrations of toxic metabolites may not occur with co-exposure to TCDD relative to hexa
chlorobenzene alone.

Mechanistic understanding of other hexachlorobenzene-induced health effects (such as neurological
effects, decreased circulating levels of thyroid hormones, and disruption of female reproductive organs) is
insufficient to clearly indicate whether TCDD induction of CYP or Phase II enzymes involved in hexa
chlorobenzene metabolism will influence hexachlorobenzene toxicity. Although it is known that hexa
chlorobenzene can bind to the Ah receptor in vitro with an affinity that is 10,000-fold less than
2,3,7,8-TCDD (Hahn et al. 1989), the degree to which the Ah receptor is involved in the expression of
hexachlorobenzene toxicity is unknown.

Table 5 provides a brief summary of the toxicological interaction data for 2,3,7,8-TCDD and hexachloro
benzene. These data were discussed in more detail in the text.

Table 5. Summary of Available Data on the Influence of 2,3,7,8-TCDD on Toxicity/Carcinogenicity of Hexachlorobenzene and the
Influence of Hexachlorobenzene on Toxicity/Carcinogenicity of 2,3,7,8-TCDD by Sequential Exposure
Results
Duration

Endpoint

Greater than additive

Additive/no effect

Less than additive

Conclusions

References

Intraperitoneal Exposure (mg/kg/day)
2,3,7,8-TCDD Influence on Toxicity/Carcinogenicity of Hexachlorobenzene
Acute

thymus and
body weight

0.010 or
0.030a+113.9 (r)b

No apparent
interaction, but hexa
chlorobenzene
treatment alone at
doses tested was
without effect on these
endpoints.

Li et al. 1989

Hexachlorobenzene Influence on Toxicity/Carcinogenicity of 2,3,7,8-TCDD
Acute

a

thymus and
body weight

113.9+0.010 or 0.030
(r)

Greater than additive

Li et al. 1989

First dose listed is for the chemical influencing the other chemical’s toxicity/carcinogenicity.
Species code: r = rat

b
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2.2.2 2,3,7,8-TCDD and p,p’-DDE

2,3,7,8-TCDD and p,p’-DDE have both been demonstrated to disrupt the development of the male rat
reproductive system (i.e., cause antiandrogenic effects) and are thought to disrupt development by
different mechanisms (see Table 1 and Appendices A and C). Administration of single doses of
2,3,7,8-TCDD as low as 0.16–1 :g/kg to pregnant rats on gestation day 15 (a treatment that is thought to
produce in utero and lactational exposure of offspring) produced a host of effects on the reproductive
system of male offspring without affecting plasma androgen levels (Bjerke et al. 1994; Gray et al. 1997;
Roman et al. 1995, 1998a, 1998b). Observed antiandrogenic effects include decreased accessory sex
organ weights including prostate, decreased daily sperm production, and decreased cauda epididymal
sperm number; decreased responsiveness of the adult prostate to androgenic stimulation; shortened
anogenital distance, and decreased messenger ribonucleic acid (mRNA) levels of prostatic androgenregulated genes. It has been hypothesized that 2,3,7,8-TCDD, via an initial interaction with the Ah
receptor, may indirectly affect androgen signaling by altering growth factor pathways, but specific
molecular events have not been determined (Gray et al. 1995; Roman et al. 1998b). Antiandrogenic
effects observed in male offspring rats following in utero and lactational exposure to p,p’-DDE include
shortened anogenital distance, increased nipple retention, decreased prostate weight and cauda epididymal
sperm number, and delayed attainment of puberty (see Loeffler and Peterson 1999 for review). These
effects, like those from 2,3,7,8-TCDD, are observed without changes in circulating androgen levels, but
p,p’-DDE is a direct competitive inhibitor of ligand binding to the androgen receptor (Kelce et al. 1995,
1997), whereas 2,3,7,8-TCDD is not expected to interfere with androgen receptor-ligand binding (Roman
et al. 1998b).

Co-exposure of pregnant rats to oral doses of 2,3,7,8-TCDD and p,p’-DDE in a corn oil (95%)/ acetone
(5%) vehicle produced a statistically significant greater percentage reduction in the average relative
weights of the ventral or dorsolateral prostates of male offspring at weaning (65 and 70% of controls at
postnatal day 21, respectively), compared with TCDD exposure alone (81 and 86% of controls) or
p,p’-DDE exposure alone (83 and 83% of controls) (Loeffler and Peterson 1999). The effects of these
compounds alone or in combinations on prostate weight were transient (observed at 21 postnatal days)
and were not observed at postnatal days 49 or 63. Pregnant rats were exposed to 0.25 :g 2,3,7,8-TCDD
alone/kg on gestation day 15, 100 mg p,p’-DDE alone/kg on gestation days 14–18, or a combination of
these two protocols. As expected, serum levels of androgens (3-alpha diol, testosterone) in male offspring
were not affected (compared with controls) by in utero and lactational exposure to either chemical alone
or to the mixture. Cauda epididymal sperm numbers at postnatal day 63 in male offspring were
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significantly decreased by exposure to 2,3,7,8-TCDD or p,p’-DDE alone (decreased by 16.7 or 17.6%
compared with controls, respectively), but mixed exposure did not significantly decrease the number
further (22%). Patterns of immunostaining with anti-androgen receptor antibody in prostate tissue of
male offspring exposed to the mixture showed qualitative characteristics of the effects of both compounds
individually. Several other measures of antiandrogenic activity were examined, but no significant
exposure-related effects were observed in any of the exposed groups. These endpoints have been
demonstrated to be affected in male rat offspring at dosage levels of 2,3,7,8-TCCD or p,p’-DDE higher
than those used in this study and included anogenital distance, age of puberty, weights of other accessory
sex organs (seminal vesicles, epididymides, and testes), daily sperm production at postnatal days 49 or 63,
and prostate levels of mRNA for several androgen-regulated genes.

The authors variously referred to the response on prostrate weight to the mixture of TCDD and p,p’-DDE
as augmented, potentiated, and additive, but acknowledged that the design of the study is inadequate to
make definitive conclusions regarding the mode of joint action (additive, greater-than-additive, or less
than-additive) (Loeffler and Peterson 1999). To conduct a more rigorous examination, the authors noted
that “several doses of each compound would have to be tested in various combinations (i.e., isobolo
graphic design)”. A simple non-statistical analysis of the data provides a rough indication that the organ
weight response to the mixture may be explained by additivity, but the reliance on an assumption of a
linear dose-response relationship in this analysis and the lack of a statistical test precludes discarding the
possibility of greater-than-additive or less-than-additive joint action on this endpoint. In this analysis, the
differences in the average 21 day postnatal relative prostate weights for the TCDD alone group and the
control group mean (about 0.11 mg/g body weight calculated from data in Figure 3 of Loeffler and
Peterson 1999) and the p,p’-DDE group mean and the control mean (about 0.12 mg/g body weight) are
summed (0.23 mg/g body weight) and compared with the change in relative prostate weight produced by
the mixture (about 0.20 mg/g body weight). The predicted “additive” response of the individual
components (0.23 mg/g body weight) is similar to the observed response to the mixture (0.20 mg/g body
weight), but application of statistical tests (that account for experimental and biological variability) to
compare these values is not possible.

The sum of changes in relative prostate weights induced by 2,3,7,8-TCDD and p,p’-DDE alone compared
with the response to the binary mixture suggests that these compounds may additively affect male rat
prostate weight development, but more definitive tests of this hypothesis would require an experimental
design with several doses of each compound and a statistical test of additivity. The available results
provide no evidence for marked synergistic or antagonistic interactions between concurrent oral exposure
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to doses of 2,3,7,8-TCDD and p,p’-DDE. Mixed exposure did not affect several other measures of
antiandrogenic activity that have been demonstrated to be adversely affected by doses of the individual
compounds higher than those used in this study.

Table 6 provides a brief summary of the toxicological interaction data for 2,3,7,8-TCDD and p,p’-DDE.
These data were discussed in more detail in the text.

Table 6. Summary of Available Data on the Influence of 2,3,7,8-TCDD on Toxicity/Carcinogenicity of p,p’-DDE and
the Influence of p,p’-DDE on Toxicity/Carcinogenicity of 2,3,7,8-TCDD by Simultaneous Exposure
Results
Duration

Endpoint

Greater than additive

Additive/no effect

Less than additive

Conclusions

References

Additive action is
suggested, but the study
design precludes
discarding the
possibility of greaterthan or less-than
additive action.

Loeffler and
Peterson 1999

Additive action is
suggested, but the study
design precludes
discarding the
possibility of greaterthan or less-than
additive action.

Loeffler and
Peterson 1999

Oral Exposure (mg/kg/day)
2,3,7,8-TCDD Influence on Toxicity/Carcinogenicity of p,p’-DDE
Acute

prostate weights
in offspring

0.00025a+100 (r)b

p,p’-DDE Influence on Toxicity/Carcinogenicity of 2,3,7,8-TCDD
Acute

a

prostate weights
in offspring

100+0.00025 (r)

First dose listed is for the chemical influencing the other chemical’s toxicity/carcinogenicity.
Species code: r = rat

b
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2.2.3 Hexachlorobenzene and p,p’-DDE

No in vitro or in vivo studies were located regarding possible interactions between hexachlorobenzene and
p,p’-DDE in affecting health-related endpoints in humans or animals.

Sensitive shared targets of hexachlorobenzene and p,p’-DDE oral toxicity include the liver (hepatomegaly
and degenerative histological effects), immune system (suppression of humoral and cell-mediated
immunological responses), and pre- and post-natal neurological development (altered neurobehavior) (see
Table 1 and Appendices B and C). Both chemicals produce cancer in orally exposed animals.

Hepatic porphyria from repeated exposure to hexachlorobenzene has been postulated to be dependent on
CYPIIIA- or CYP1A-mediated metabolism and to involve an unidentified reactive intermediate formed
during transformation to pentachlorophenol (see Appendix B). DDT, DDE, and DDD have been
demonstrated in rats to induce hepatic CYPIIB, and to a lesser degree CYPIIIA, but not CYP1A isozymes
(see Appendix C). If simultaneous exposure to DDE and hexachlorobenzene cause an increased
induction of CYPIIIA enzymes (compared with hexachlorobenzene alone) so that capabilities of Phase II
enzymes to control liver concentrations of the reactive hexachlorobenzene metabolite are exceeded, then a
potentiation of hexachlorobenzene-induced liver toxicity may occur. No studies were located that
investigated hepatic metabolic interactions between hexachlorobenzene and p,p’-DDE (or DDT), but this
projection is not reliable given that hexachlorobenzene can induce its own metabolism and downstream
Phase II enzymes would need to be saturated for any potentiation to occur.

In the absence of relevant interaction data or sufficient mechanistic understanding, an unambiguous
projection of interactions between p,p’-DDE and hexachlorobenzene cannot be made. Future studies
designed to examine possible interactions of hexachlorobenzene and p,p’-DDE in affecting neurological,
developmental, hepatic, immunological, or cancer endpoints following oral exposure may help to
determine if interactions occur.

2.2.4 2,3,7,8-TCDD and Methylmercury

2,3,7,8-TCDD, other CDDs, CDFs, and PCBs have been demonstrated to produce immunotoxic effects in
animals such as lymphoid tissue depletion and increased susceptibility to infectious agents (Kerkvliet
1994; see Appendix A). Mechanistic studies indicate that immunotoxic effects induced by acute or
subacute exposures to 2,3,7,8-TCDD and related halogenated aromatic hydrocarbons are likely to involve
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initial mediation by the Ah receptor and multiple sites within the immune system (Kerkvliet 1994).
Animal studies with mercury indicate that mercuric salts and methylmercury can cause both an
autoimmune stimulation and a suppression of the immune system depending on dose and genetic
characteristics (ATSDR 1999b; see Appendix D). For example, 2-week oral exposure to
14.8 mg Hg/kg/day as mercuric chloride decreased thymus weight in mice, 0.7 mg Hg/kg/day as mercuric
chloride increased lymphoproliferative responsiveness to T-cell mitogens in another mouse strain known
to be sensitive to mercury-induced autoimmunity, and 0.5 mg Hg/kg/day as methylmercury in the diet
suppressed natural killer cell activity in another strain of mouse that is resistant to mercury-induced
autoimmunity (ATSDR 1999b; Ilback 1991).

Two in vitro studies of immunological endpoints in rat cultured lymphocytes found no evidence for
interactions between methylmercury and a synthetic mixture of CDDs, CDFs, and PCBs at low
concentrations that were reflective of concentrations in flesh of St. Lawrence River fish (Omara et al.
1997, 1998).

In the first experiment (Omara et al. 1997), cell viability, cell proliferation in response to T- and B-cell
mitogens, and intracellular calcium concentrations were measured in cultured rat lymphocytes exposed
for 72 hours to methylmercury, CDDs+CDFs, PCBs, or a methylmercury/CDD/CDF/PCB mixture.
Culture-medium concentrations were reflective of the extremes of the ranges of concentrations found in
flesh of fish from the St. Lawrence River: methylmercury (0.1 or 2 :g/mL), a CDD/CDF mixture of
2,3,7,8-TCDD, 1,2,3,7,8-pentachlorodibenzo-p-dioxin, 1,2,3,4,7,8-hexachlorodibenzo-p-dioxin,
2,3,7,8-TCDF, and 1,2,3,7,8-pentachlorodibenzofuran in a 20:5:2.5:80:15 weight proportion (0.01 or
0.5 :g/mL), and a PCB mixture of Aroclor 1242, 1254, and 1260 in a 3:4:3 weight proportion (0.01 or
0.5 :g/mL). Mixed exposures included all possible combinations of these concentrations of methyl
mercury, the CDD/CDF mixture, and the PCB mixture (e.g., low methylmercury+high CDD/CDF+high
PCB; low methylmercury+high CDD/CDF+low PCB; etc.; n=8).

No significant effects on lymphocyte cell viability or calcium contents were found following exposure to
either concentrations of the CDD/CDF or PCB mixtures alone, or to methylmercury alone at the lower
concentration or in combination with the CDD/CDF/PCB mixtures (Omara et al. 1997). Exposure to the
CDD/CDF or PCB mixtures alone, at the tested concentrations, did not suppress the lymphocytic
response to any of the test mitogens, but stimulated the response of splenic and peripheral blood
lymphocytes to one of the tested mitogens, concanavalin A. In contrast, methylmercury, alone at
2 :g/mL, significantly decreased viability of the lymphocytes after 4 or 24 hours of exposure, and, at
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0.1 :g/mL, significantly suppressed the responses of the different types of lymphocytes to several T- and
B-cell mitogens (Omara et al. 1997). The effects of methylmercury on lymphocyte viability and
lymphocyte mitogenic ability were not significantly different in the presence of the CDD/CDF/PCB
mixtures.

In a similar design, the second experiment measured rat splenocyte mixed leukocyte reaction, splenic
natural killer cell activity, and phagocytic activities of splenic, peritoneal, and peripheral blood
lymphocytes after 24- or 72-hour exposure (Omara et al. 1998). The high concentration of methyl
mercury (2 :g/mL), alone or in combination with the CDD/CDF/PCB mixtures, was cytolethal to rat
splenocytes, peritoneal lymphocytes, and peripheral blood lymphocytes. Exposure to the lower methyl
mercury concentration (0.1 :g/mL), alone or in combination with the CDD/CDF/PCB mixtures, caused
no significant suppression of splenocyte mixed leukocyte reaction, splenic natural killer cell-mediated
lysis of Yac-1 cells, or phagocytosis of fluorescent beads by splenic, peritoneal, or peripheral blood
lymphocytes.

No other in vitro or in vivo studies were located regarding possible interactions between 2,3,7,8-TCDD
(or other CDDs) and methylmercury (or other forms of mercury) in affecting other health-related
endpoints in humans or animals.

Results from the Omara et al. (1997, 1998) experiments provide no evidence of interactions or additivity
between methylmercury and Ah-receptor-interacting halogenated aromatic hydrocarbons in affecting a
number of immunological endpoints in rat lymphocytes under low-level, in vitro conditions. The levels
of CDDs, CDFs, and PCBs examined in these experiments were below thresholds for immunosuppressive
effects. This feature of the study design restricts conclusions that can be made from the data about the
modes (additive, greater-than-additive, or less-than-additive) of possible joint action of the components
on the endpoints examined. In summary, the data show that at the doses tested, CDDs, CDFs, and PCBs
did not significantly change (enhance or antagonize) the in vitro immunosuppressive effects (suppression
of lymphocyte viability and mitogenic ability) caused by methylmercury alone and did not jointly act
with methylmercury to produce effects that were not caused by methylmercury alone. CDDs, CDFs,
PCBs, and methylmercury have all been demonstrated to produce various adverse effects on the immune
system, but the available results provide no information on how methylmercury may influence the effects
of CDDs, CDFs, or PCBs on the evaluated immune system endpoints and thus, only limited information
on joint action CDDs and methylmercury on the immune system.

42

2.2.5 Hexachlorobenzene and Methylmercury

No in vitro or in vivo studies were located regarding possible interactions specifically between hexa
chlorobenzene and methylmercury, but two published studies have looked for possible acute-exposure
interactions between hexachlorobenzene, HCB, and mercuric chloride, HgCl2 (Lecavalier et al. 1994;
Renner 1980). Given that the health effects from methylmercury are thought to be mediated by the
divalent mercuric ion, these studies are evaluated herein with the recognition that they can provide no
information of potential interactions with hexachlorobenzene at steps involved in the absorption,
distribution, and metabolism of methylmercury, processes that are responsible for the greater potency of
methylmercury compared with mercuric salts (ATSDR 1999b; see Appendix D).

In the most extensive study (with respect to endpoints examined), groups of 10 female Sprague-Dawley
rats were exposed to single gavage doses of 0, 400, or 600 mg HCB/kg; 0, 10, or 12.5 HgCl2/kg; or
(400 mg HCB+10 mg HgCl2)/kg, (400 mg HCB+12.5 mg HgCl2)/kg, (600 mg HCB+10 mg HgCl2)/kg, or
(600 mg HCB+12.5 mg HgCl2)/kg (Lecavalier et al. 1994). Endpoints included mortality by the end of a
14-day observation period, necropsy examination, histopatholgical examination of about 30 tissues and
organs from surviving animals, hematological variables, serum clinical chemistry variables, several
hepatic microsomal CYP enzyme activities (e.g., ethoxyresorufin deethylase), and residues of hexachloro
benzene and mercury in samples of brain, liver, kidney, spleen, serum, and fat.

Deaths occurred in the 600-mg/kg hexachlorobenzene groups, but incidences were not markedly
influenced by co-exposure to mercury (1/10, 1/10, and 2/10 deaths occurred in mixed 600-mg HCB/kg
groups with 0, 10, or 12.5 mg HgCl2/kg). Liver weights were significantly increased in hexachloro
benzene-exposed groups without significant elevations in hepatic CYP enzymes or serum enzyme
activities indicative of liver damage. Histopathological examinations showed mild to moderate hepatic
cytoplasmic vacuolation, anisokaryosis, and pyknotic hepatocytes in hexachlorobenzene-exposed groups.
Mercury exposure alone did not significantly change liver endpoints compared with controls. Lecavalier
et al. (1994) reported that co-administration of mercury did not markedly change the liver endpoints
compared with hexachlorobenzene alone. Hexachlorobenzene-exposed groups also showed histopatho
logical changes in the thyroid (reduced follicle size and colloid density and increased epithelial height)
and thymus (reduced cortical and medullary volume), whereas mercury-exposed groups showed renal
histopathological changes (protein casts, cellular casts, and interstitial sclerosis). The “severity of these
changes” was reported to be “additive in nature” for the mixed exposure groups, but the data were not
presented in a way that this contention could be quantitatively assessed. Levels of hexachlorobenzene or
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mercury in serum, brain, kidney, liver, or fat were not significantly different in the mixed exposure
groups compared with the groups exposed to hexachlorobenzene or mercury alone. Although the design
and reporting of this study are inadequate to fully characterize the modes of possible joint actions of
hexachlorobenzene and mercury on indices of liver damage and histopathological changes in tissues, the
results indicate that mercury co-exposure (at doses of 10 or 12.5 mg/kg) did not change the low incidence
of lethality in the high-dose (600 mg/kg) hexachlorobenzene groups and that mercury co-exposure did not
change liver responses to hexachlorobenzene.

In an earlier study, groups of 10 female Sprague-Dawley rats were given single doses (in a corn oil
vehicle) of 0, 400, 600, or 800 mg HCB/kg; and 0, 3.6, 6, 8, 10, 12.5, or 18 mg HgCl2/kg (Renner et al.
1980). Other groups were given mixtures of 3.6, 6, 8, 10, 12.5, or 18 mg HgCl2/kg with 400 mg HCB/kg
or 6, 12.5, or 18 mg HgCl2/kg with 600 mg HCB/kg. No mortality occurred in groups exposed to hexa
chlorobenzene alone. Mortalities occurred in groups exposed to mercuric chloride alone at 12.5 mg/kg
(1/10) and 18 mg/kg (5/10). Mortalities occurred in the presence of 400 mg hexachlorobenzene and
mercuric chloride at doses of 10 mg/kg (10/10), 12.5 mg/kg (1/10), and 18 mg/kg (10/10). In the
presence of 600 mg hexachlorobenzene and mercuric chloride, no rats died with co-exposure to
6 mg HgCl2/kg, but all rats died with co-exposure to 12.5 or 18 mg HgCl2/kg. The study design is
inadequate to evaluate the mode of possible joint action of mercury and hexachlorobenzene in producing
lethality in rats (e.g., a dose-response relationship for lethality from hexachlorobenzene was not
characterized to any degree), but some evidence is presented that co-exposure to 400 or 600 mg/kg hexa
chlorobenzene increased mercury-induced lethality at 4 or 5 mercury dose levels of 10 mg/kg or greater.

In summary, Renner (1980) reported that 400 or 600 mg/kg doses of hexachlorobenzene potentiated
mercuric chloride acute lethality in rats (given 10, 12.5, or 18 mgHgCl2 /kg doses), but Lecavalier et al.
(1994) did not find that 10 or 12.5 mg HgCl2/kg produced lethality in rats in the presence or absence of
400 or 600 mg/kg hexachlorobenzene. Examining other endpoints after acute oral exposure scenarios
involving several dose levels of hexachlorobenzene and mercuric chloride (alone or in combination),
Lecavalier et al. (1994) reported that no evidence was found in rats that mercuric chloride affected hexa
chlorobenzene-induced liver, thyroid, or thymus effects or that hexachlorobenzene affected mercuryinduced kidney effects, but the results were inadequately reported to allow quantitative assessment. No
studies were located regarding potential interactions between these chemicals under repeated exposure
scenarios, and no information was found regarding interactions between hexachlorobenzene and methyl
mercury under any exposure scenario.
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Because no data regarding the toxicological interactions of hexachlorobenzene with methylmercury were
available, Table 7 provides a brief summary of the data for hexachlorobenzene and mercuric chloride.
Further discussion of these data and their relevance to the chemicals of concern was provided in the text.

Table 7. Summary of Available Data on the Influence of Hexachlorobenzene on Toxicity/Carcinogenicity of Mercuric Chloride and the
Influence of Mercuric Chloride on Toxicity/Carcinogenicity of Hexachlorobenzene by Simultaneous Exposurea
Results
Duration

Endpoint

Greater than additive

Additive/no effect

Less than additive

Conclusions

References

Oral Exposure (mg/kg/day)
Hexachlorobenzene Influence on Toxicity/Carcinogenicity of Mercuric Chloride
Acute

lethality

400b+10 (r)c
600+10 (r)
400+10 (r)
600+10 (r)

Indeterminate due to
conflicting results from
similar experiments.

Renner 1980
Renner 1980
Lecavalier 1994
Lecavalier 1994

Mercuric Chloride Influence on Toxicity/Carcinogenicity of Hexachlorobenzene
Acute

hepatocyte
vacuolation

10+400 (r)
12.5+400 (r)
10+600 (r)
12.5+600 (r)

Additivity was
reported; data were not
presented, so
conclusion could not be
evaluated.

Lecavalier 1994
Lecavalier 1994
Lecavalier 1994
Lecavalier 1994

a

Data for the pair, methylmercury and hexachlorobenzene, were not located, so available data for mercuric chloride and hexachlorobenzene were evaluated as explained in text.
First dose listed is for the chemical influencing the other chemical’s toxicity/carcinogenicity.
c
Species code: r = rat
b
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2.2.6 p,p’-DDE and Methylmercury

No in vitro or in vivo studies were located regarding possible interactions between p,p’-DDE and methyl
mercury (or other forms of mercury) in affecting health-related endpoints in humans or animals.

Oral exposure to either p,p’-DDE or methylmercury has been shown to adversely influence pre- and post
natal neurological development, and both compounds are known to produce adverse effects on the fully
developed neurological system (see Table 1 and Appendices C and D). Joint actions between these two
compounds in producing deficits in neurological developmental or function are plausible, but modes of
possible joint action are unknown and unstudied. Postulates regarding methylmercury’s mechanism of
action on the developing nervous system include inhibitory effects on mitosis through impairment of
microtubule assembly, inhibition of various enzymes such as protein kinase C, inhibition of transport
mechanisms in developing brain cells, and alteration of synaptosomal release of neurotransmitters (e.g.,
dopamine) that may involve non-specific changes in membrane integrity or disruption of calcium
homeostasis and subsequent activation of second messenger system or cell death (Appendix D).
p,p’-DDE’s actions on the developing and mature neurological system are poorly understood (see
Appendix C), but, as with p,p’-DDT, interference with sodium channels and potassium gates in neuronal
membranes and inhibition of neuronal ATPases may be involved. Obvious cellular or molecular sites of
possible interactions between p,p’-DDE and methylmercury are not apparent.

2.2.7 PCBs and 2,3,7,8-TCDD

Mixtures of PCBs display a wide array of effects that have considerable similarities with the wide array of
effects produced by 2,3,7,8-TCDD and other CDDs (see Appendices A and E). Some PCB congeners are
thought to produce toxic effects through initial mechanisms of action (e.g., Ah-receptor mediation and
induction of hepatic CYP1A1, 1A2, and 1B1, and associated Phase II enzymes) that are shared with
2,3,7,8-TCDD, although 2,3,7,8-TCDD is generally much more potent than PCB mixtures or individual
PCB congeners. Thus, the Ah receptor represents a likely molecular site for interactions between PCBs
and 2,3,7,8-TCDD that can have toxicological significance. Based on assumptions of a shared initial
mechanism involving the Ah receptor and additive joint action, a component-based Toxic Equivalency
Factor (TEF) approach to evaluating health hazards from complex mixtures containing CDDs, CDFs, and
PCBs has been used to some extent (see Appendices A and E). However, PCB congeners with
Ah-receptor affinity are minor components in commercial and environmental PCB mixtures, and there is
increasing evidence that PCB congeners can produce toxic effects through both Ah receptor dependent
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and independent mechanisms (see Appendix E). In addition, there is some evidence for a few endpoints,
reviewed herein, that there may be non-additive interactions between 2,3,7,8-TCDD and PCB mixtures or
congeners. Consequently, it has been recommended that the TEF approach should be used cautiously,
especially for complex mixtures in which PCBs may predominate (Hansen 1998; Safe 1998a, 1998b). To
conduct exposure-based health assessments involving mixtures of CDDs, CDFs, and PCBs, ATSDR
(1998) has recommended using the TEF, but also has derived MRLs for PCB mixtures for the same
purpose (ATSDR 2000). The PCB MRLs are based on health effects from commercial PCB mixtures
(e.g., Aroclor 1254) or synthetic mixtures of PCBs designed to mimic composition of environmental PCB
mixtures. They were derived because PCB congeners with Ah-receptor affinity are minor components in
environmental mixtures, multiple mechanisms may be involved in the development of PCB-induced
health effects, and non-additive joint actions on toxicity targets may exist between specific PCB
congeners and between PCB congeners and CDDs (ATSDR 2000).

Complex PCB mixtures and 2,3,7,8-TCDD

Studies designed to examine possible binary interactions between complex PCB mixtures and
2,3,7,8-TCDD are restricted to two intraperitoneal-exposure studies examining impaired immune
responses to sheep red blood cells in C57BL/6J mice (Bannister et al. 1987; Davis and Safe 1989) and a
gavage-exposure study examining cleft palate incidences in offspring of C57BL/6J mice (Haake et al.
1987). Results from this limited database suggest that PCB mixtures antagonize the acute immuno
toxicity and the acute developmental toxicity (producing cleft palate) of 2,3,7,8-TCDD, when
PCB:TCDD dose ratios were >1,000:1 (see Table 8). Similarly designed studies examining repeated
exposure scenarios or other endpoints potentially shared by complex PCB mixtures and 2,3,7,8-TCDD
(e.g., cancer or neurodevelopment) do not appear to be available. Whereas the designs of these studies
are inadequate to fully characterize the mode of possible joint action of PCB mixtures and 2,3,7,8-TCDD
on impairing the immune response to sheep red blood cells and producing cleft palate, they adequately
describe conditions under which CDD-effects were antagonized by PCB mixtures and provide some
information that the antagonism is dependent on the relative proportions of the PCB mixture dose and the
TCDD dose (Davis and Safe 1989).

In response to injection with sheep red blood cells, mice given single intraperitoneal doses of 3.72 or
11.1 nmol 2,3,7,8-TCDD/kg (0.0011 or 0.0036 mg/kg) produced only 156 or 62 plaque-forming cells,
respectively, per million viable spleen cells (PFC/106 spleen cells), compared with the response of
562 PFC/106 spleen cells in non-exposed controls (Bannister et al. 1987). Aroclor 1254 alone displayed
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minimal potency in affecting the immune response. Immune responses were not significantly different
from control values in mice injected with doses of 5, 15, 75, or 150 :mol Aroclor 1254/kg alone (1.6, 4.9,
24.6, or 49.3 mg/kg), but the high-dose response was marginally impaired (561, 465, 594, or
394 PFC/106 spleen cells). Co-injection of 3.72 nmol 2,3,7,8-TCDD/kg with 5, 15, or 75 :mol
Aroclor 1254/kg completely restored the immune response to control values (491, 480, or
558 PFC/106 spleen cells), whereas co-exposure with 150 :mol Aroclor 1254/kg partially restored the
response (372 PFC/106 spleen cells). Co-exposure to 11.2 nmol 2,3,7,8-TCDD/kg and 75 :mol
Aroclor 1254/kg antagonized the TCDD-induced effect to a limited degree (170±10 versus
62±12 PFC/106 spleen cells for TCDD alone).
In the other intraperitoneal study, mice given 3.7 nmol 2,3,7,8-TCDD/kg (1.2 :g/kg) showed a response
of 180 PFC/106 spleen cells compared with 912 PFC/106 spleen cells in non-exposed control mice, and
co-exposure with 25 mg/kg of Aroclor 1242, 1248, 1254, or 1260 partially antagonized the TCDDinduced impairment (Davis and Safe 1989). Average respective immune responses in the co-exposed
mice were 440, 427, 459, and 459 PFC/106 spleen cells; these were significantly higher than the response
in mice exposed to TCDD alone. Co-exposure with 25 mg/kg Aroclor 1232 did not significantly change
the immune response compared with TCDD exposure alone (244 PFC/106 spleen cells). A synthetic
mixture of PCB congeners detected in human milk samples also significantly antagonized the
immunotoxicity of 3.7 nmol 2,3,7,8-TCDD/kg, at a dose of 50 mg/kg, but not at dose levels of 5 or
25 mg/kg.
Co-treatment of pregnant mice with gavage doses of 20 :g 2,3,7,8-TCDD/kg (on gestation day 10) plus
244 mg Aroclor 1254/kg (on gestation day 9) produced 8.2% fetuses with cleft palate per litter compared
with 62% per litter in mice treated with TCDD alone (Haake et al. 1987). Exposure to Aroclor 1254
alone or to the corn-oil vehicle produced no fetuses with cleft palate. The same dose level of
Aroclor 1254 did not antagonize cleft palate formation induced by 90 mg/kg dexamethasone, a synthetic
glucocorticoid hormone analog that is thought to produce developmental effects through an initial binding
with glucocorticoid receptors. A lower dose of Aroclor 1254 (250 :mol/kg or 82 mg/kg) was less
effective as a TCDD antagonist, but specific data were not reported (Biegel et al. 1989a).
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Less complex PCB mixtures and 2,3,7,8-TCDD

To examine possible interactions between mixtures of PCBs and 2,3,7,8-TCDD associated with repeated
exposure, liver tumor promotion activity in partially hepatectomized rats exposed to a mixture containing
68 ppm 2,3,7,8-TCDD, 223-ppm 1,2,3,7,8-pentachloro-p-dioxin, 1,151-ppm 2,3,4,7,8-pentachloro
dibenzofuran, 4,130 ppm 3,3',4,4',5-pentachlorobiphenyl, 866,604 ppm 2,3',4,4',5- pentachlorobiphenyl,
and 127,824 ppm 2,3,3',4,4',5-hexachlorobiphenyl was compared with predicted tumor promotion activity
using TEFs based on tumor promotion activity of the individual components compared to TCDD activity
(van der Plas et al. 1999). The mixture composition was reflective of relative concentrations, and
accounted for approximately 90% of TCDD toxic equivalents (TEQs), found in Baltic Sea fish samples.
Tumor promotion activity was measured in groups of female Sprague-Dawley rats (number and volume
of glutathione S-transferase-positive foci in liver) following 20 weekly subcutaneous injections of 0.1 :g
2,3,7,8-TCDD/kg, or 1 :g TEQ/kg of the five-component mixture noted above. Promotion was preceded
by initiation with single intraperitoneal injections of 30 mg/kg diethylnitrosamine. Mean foci volume and
volume fraction of hepatic foci in the 1-TEQ/kg mixture-exposed groups were about one-half of values
for the group promoted with TCDD alone. A six-component mixture was also examined; it contained in
addition to the components noted above, 20,000 g 2,2',4,4',5,5'-hexachlorobiphenyl per g of
2,3,7,8-TCDD. Tumor promotion activity for this mixture was greater than that of the five-component
mixture, but was still less than that predicted by the TEF method. One possible explanation of the
difference between the observed and TEF predicted values is that the components may have interacted in
a less-than-additive manner (e.g., less potent PCBs may antagonize tumor promotion by the more potent
2,3,7,8-TCDD), but equally as plausible is the possibility that the TEFs are inaccurate and overestimate
tumor promotion potencies.

PCB congeners and 2,3,7,8-TCDD—Acute exposures

A study of possible binary in vitro interactions between 2,3,7,8-TCDD and two PCB congeners in
promoting malignant transformation of carcinogen-initiated cultured mouse fibroblasts found that one
congener (2,2',4,4',5,5'-hexachlorobiphenyl—a congener without Ah-receptor-agonist activity)
antagonized TCDD promotion of transformation, whereas 3,3',4,4',5-pentachlorobiphenyl (which displays
Ah-receptor-agonist activity) added to promotion of transformation in the presence of 2,3,7,8-TCDD
(Wolfle 1998). These in vitro observations of apparent additive joint action of 3,3',4,4',5-pentachloro
biphenyl and 2,3,7,8-TCDD in promoting malignant transformation of mouse fibroblasts concur with
observations from subcutaneous-exposure studies observing apparent additive joint action of these
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specific congeners in promoting liver tumors in rats (Hemming et al. 1995).

Blockage of ovulation, reduction of ovarian weight gain, and changes in preovulatory hormone levels
have been observed in gonadotropin-primed immature female rats given single doses of 2,3,7,8-TCDD
and other CDDs alone and in combination (Gao et al. 1999). The slopes of the dose-response
relationships for the CDD components were similar to the slope for an equipotent mixture (expressed in
total toxic equivalents relative to 2,3,7,8-TCDD [TEQ]), indicating additive joint action by a common
mechanism. Comparable similarities in slopes were observed for dose-response relationships for
3,3',4,4',5-pentachlorobiphenyl and an equipotent mixture containing this PCB plus 2,3,4,7,8-pentachloro
dibenzofuran, 2,3,7,8-TCDD, 1,2,3,7,8-pentachlorodibenzo-p-dioxin, and 1,2,3,4,7,8-hexachloro
dibenzo-p-dioxin (Gao et al. 2000). Another PCB congener (2,2',4,4'-tetrachlorobiphenyl) was found to
be inactive in this reproductive toxicity assay, but the effect of its presence in a mixture with the effective
components was not examined (Gao et al. 2000).

There are several studies examining possible interactions within binary mixtures of a few PCB congeners
and 2,3,7,8-TCDD in suppressing immune responses to sheep red blood cells and producing cleft palate
during in utero development, using similar acute exposure protocols and the same mouse strain as studies
observing antagonism by complex PCB mixtures of TCDD effects on these endpoints (see Table 8).
Examined PCB congeners either did not produce these effects or were so much less potent than
2,3,7,8-TCDD that, with co-exposure treatments, TCDD effects predominated. The limited information
from these studies indicates that non-additive interactions, both potentiation and antagonism, can occur
between PCB congeners and 2,3,7,8-TCDD, depending on the endpoint, the PCB congener (some are
antagonistic, one has been identified as synergistic, and some show no effect on TCDD toxicity), the PCB
dose, and/or the PCB:TCDD dose ratio. Mechanistic understanding of these non-additive interactions is
poor, and extensive studies examining how PCB molecular structure parameters may be associated with
these interactions have not been carried out. Nevertheless, the limited number of congeners and
endpoints examined indicate the possibility of wide variance in how individual PCB congeners may
interact with 2,3,7,8-TCDD in producing these acute effects.

Seven congeners (six hexachlorobiphenyls and one pentachlorobiphenyl) were examined for binary joint
action with 2,3,7,8-TCDD in producing immune suppression (Biegel et al. 1989b; Davis and Safe 1990;
Smialowicz et al. 1997). Three (2,3,3',4,5,5'- and 2,2',4,4',5,5'-hexachlorobiphenyl, and 2,3,3',4,5'-penta
chlorobiphenyl) were partially antagonistic (i.e., they did not completely prevent the immune
suppression). Relationships between PCB:TCDD dose ratio and antagonism varied among the
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antagonistic congeners. For example, antagonism by 2,2',4,4',5,5'-hexachlorobiphenyl was observed at
weight ratios above about 330,000:1, but not at ratios below about 40,000:1 (Biegel et al. 1989b;
Smialowicz et al. 1997). In contrast, antagonism by 2,3,3',4,5,5'-hexachlorobiphenyl occurred at ratios
above about 15,000:1, but not at 6,000:1 (Davis and Safe 1990). Among the non-antagonistic congeners,
some were immunotoxic, showing variable potencies (e.g., the potency of 2,3,3',4,4',5-hexachloro
biphenyl was about 1,000-fold greater than that of 2,2',4,4',5,5'-hexachlorobiphenyl), and others were not
immunotoxic (2,2',4,4',6,6'-hexachlorobiphenyl).

The mechanism involved in PCB antagonism of TCDD acute immunosuppression is unknown. Davis and
Safe (1990) suggested that it may occur by mechanisms other than through the Ah receptor, as some
antagonistic PCB congeners (e.g., 2,2',4,4',5,5'-hexachlorobiphenyl) do not displace TCDD from the
Ah receptor. Smialowicz et al. (1997) proposed that the antagonism was a functional antagonism (two
chemicals producing opposite effects on the same physiological function) based on observations that oral
exposure to 2,2',4,4',5,5'-hexachlorobiphenyl alone enhanced the immune response compared with control
values. However, intraperitoneal exposure to 2,2',4,4',5,5'-hexachlorobiphenyl alone did not enhance the
immune response to sheep red blood cells in another study (Biegel et al. 1989b).

Three congeners, none of which caused cleft palate by themselves, have been examined for interaction
with TCDD-induction of cleft palate and show distinctly different interactions (see Table 8).
2,3,3',4,4',5-Hexachlorobiphenyl markedly potentiated TCDD-induced cleft palate (Birnbaum et al.
1985). For example, gavage doses of 0.003 mg 2,3,7,8-TCDD/kg alone on gestation days
10–13 produced 4.2% of fetuses with cleft palate per litter, but combined exposure with 40 or 80 mg
2,3,3',4,4',5-hexachlorobiphenyl/kg produced 19.9 and 43.1%, respectively. In contrast,
2,2',4,4',5,5'-hexachlorobiphenyl and 2,2',4,4'-tetrachlorobiphenyl were antagonistic (Biegel et al. 1989a,
1989b; Birnbaum et al. 1985; Morrissey et al. 1992). The relationship of antagonism with dose of the
2,2',4,4',5,5'-congener was shown to have an inverted U shape. Percentage of fetuses with cleft palate in
groups exposed to 0.015 mg 2,3,7,8-TCDD/kg and 0, 62.5, 125, 250, 500, or 1,000 mg 2,2',4,4',5,5'-hexa
chlorobiphenyl/kg were 35, 23, 5, 1, 0, and 38% (Morrissey et al. 1992). Results from the earlier studies
(Biegel et al. 1989b; Birnbaum et al. 1985) indicated that the examined PCB congeners or TCDD alone
induced increased incidence of hydronephrosis in mouse offspring and provided no evidence of nonadditive interactions. However, after examining a wider range of 2,2',4,4',5,5'-hexachlorobiphenyl doses
in combination with 0.015 mg 2,3,7,8-TCDD/kg, partial antagonism of TCDD-induced hydronephrosis
was observed to have a sharp inverted U shaped relationship with PCB dose. Percentages of fetuses per
litter with hydronephrosis were 99, 98.1, 97.6, 63.5, and 100% for groups exposed to mixtures of
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0.015 mg 2,3,7,8-TCDD plus 0, 62.5, 250, 500, or 1,000 mg 2,2',4,4',5,5'-hexachlorobiphenyl/kg
(Morrissey et al. 1992).

The mechanisms of PCB congener antagonism or synergism of TCDD developmental toxicity are
unknown. No other data are available regarding how other congeners or other complex PCB mixtures
may influence TCDD-induced cleft palate and kidney malformations in mouse offspring.

PCB congeners and 2,3,7,8-TCDD—Intermediate exposures

A series of studies of female Sprague-Dawley rats exposed to binary mixtures in the diet for 13 weeks
examined possible interactions between 2,3,7,8-TCDD and three PCB congeners (one with no ortho
chlorines—3,3',4,4',5-pentachlorobiphenyl; one with a single ortho chlorine—2,3,3',4,4',5-hexachloro
biphenyl; and one with two ortho chlorines—2,2',4,4',5,5'-hexachlorobiphenyl) in affecting several
endpoints including serum levels of thyroid hormones, body and organ weights, and hepatic levels of
porphyrins and retinoids (van Birgelen et al. 1992, 1994a, 1994b, 1996). The PCB:TCDD concentration
ratios administered in these studies were chosen to reflect relative concentrations in human milk and fat
samples (1.5–450:1, 240–2,400:1, and 2,000–200,000:1 for the 3,3',4,4',5-, 2,3,3',4,4',5-, and
2,2',4,4',5,5'-congeners, respectively).

Results from these studies provide no evidence for synergistic interactions between 3,3',4,4',5-penta
chlorobiphenyl and 2,3,7,8-TCDD or 2,3,3',4,4',5-hexachlorobiphenyl and 2,3,7,8-TCDD in decreasing
thyroid hormone levels, body weights, thymus weights, or hepatic retinoid levels or in increasing relative
liver weights or hepatic levels of porphyrin (see Tables 8 and 9). Some evidence for less-than-additive
joint action was found for these endpoints, but these apparent interactions may have been due to nearmaximal effects occurring at the dose levels used. For example, hepatic retinol levels after 13 weeks were
14.9, 6.2, 1.5, and 0.6 mg/g liver in rats provided 3,3',4,4',5-pentachlorobiphenyl alone at dietary
concentrations of 0, 7, 50, or 180 ppb; whereas in groups whose diet additionally included 0.4 or 5 ppb
2,3,7,8-TCDD, hepatic retinol concentrations were 8.2, 10.7, 4.0, and 4.8 mg/g liver and 2.2, 0.9, 1.8, and
1.4 mg/g liver, respectively (van Birgelen et al. 1994b). Similar results were found for the combined
effects of 2,2',4,4',5,5'-hexachlorobiphenyl and 2,3,7,8-TCDD on the same endpoints, with the notable
exception of evidence for synergistic action in decreasing thyroid hormone levels (van Birgelen et al.
1992) and increasing hepatic porphyrin levels (van Birgelen et al. 1996). The apparent synergism was
especially marked for joint action on hepatic porphyrin levels. Average hepatic levels of porphyrins after
13 weeks on diets containing 0, 10, 30, or 100 ppm 2,2',4,4',5,5'-hexachlorobiphenyl were 1.9, 2.8, 1.4,
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and 3.0 :g/g liver (Van Birgelen et al. 1996). In contrast, porphyrin levels were 1.9, 300, 969, and
1,223 :g/g liver and 2.5, 22, 1,527, and 1,094 :g/g liver in rats fed the same respective 2,2',4,4',5,5'-hexa
chlorobiphenyl concentrations plus 0.5 or 5 ppb 2,3,7,8-TCDD in the diet (van Birgelen et al. 1996).

Tables 8 and 9 summarize the available interactions data for PCBs and 2,3,7,8-TCDD.

Table 8. Summary of Available Data on the Influence of PCBs on Toxicity/Carcinogenicity of 2,3,7,8-TCDD
Results
Duration

Endpoint

Greater than additive

Additive/no effect

Less than additive

Conclusions

References

Parenteral Exposure (mg/kg/day) – PCB Mixtures
Acute

impaired
immune
response to
sheep red blood
cells
(intraperitoneal)

1.6a+0.0012 (m)b
4.9+0.0012 (m)
24.6+0.0012 (m)
49.3+0.0012 (m)
24.6+0.0036 (m)

25+0.0012 (m)

25+0.0012 (m)

5+0.0012 (m)
25+0.0012 (m)

PCB mixtures, with
the exception of
Aroclor 1232,
antagonized the acute
immunotoxicity of
2,3,7,8-TCDD in
mice, at dose ratios
>1,000:1.

Bannister et al. 1987
(Aroclor 1254)

Davis and Safe 1989
(Aroclors 1242,
1248, 1254, 1260)
Davis and Safe 1989
(Aroclor 1232)

50+0.0012 (m)

Davis and Safe 1989
(PCB mix reflective
of human milk)
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Table 8. Summary of Available Data on the Influence of PCBs on Toxicity/Carcinogenicity of 2,3,7,8-TCDD (continued)
Results
Duration

Endpoint

Greater than additive

Additive/no effect

Less than additive

Conclusions

References

3/7 Congeners
examined partially
antagonized the acute
immunotoxicity of
TCDD; relationships
between dose (or dose
ratio) and antagonism
were different for the
antagonistic
congeners.

Davis and Safe 1990
(2,3,3',4,4',5-HCB)
(2,3,3',4,5,5'-HCB)
(2,3,3',4,5'-PeCB)
(2,3',4,4',5',6-HCB)
(2,2',4,4',5,6'-HCB)
(2,2',4,4',6,6'-HCB)

Combined exposure
with TCDD did not
show obvious
deviation from
additive effect on
development of
(-glutamyl
transpeptidase altered
foci.

Hemming et al. 1995
(3,3',4,4',5-PeCB)

Parenteral Exposure (mg/kg/day) – PCB Congeners
(HCB = hexachlorobiphenyl; PeCB = pentachlorobiphenyl)
Acute

impaired
immune
response to
sheep red blood
cells
(intraperitoneal)

0.36–36+0.0012 (m)
7.2+0.0012 (m)
16–32+0.0012 (m)
25–100+0.0012 (m)
36–361+0.0012 (m)
180–361+0.0012(m)

36.1+0.0012 (m)
Intermediate

liver tumor
promotion
activity
(subcutaneous)

:g/kg/week

1.00+0.100 (r)
3.16+0.316 (r)
10.0+1.00 (r)

18–72+0.0012 (m)
65+0.0012 (m)

400–1,000+0.0012 (m)

Biegel et al. 1989b
(2,2',4,4',5,5'-HCB)
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Table 8. Summary of Available Data on the Influence of PCBs on Toxicity/Carcinogenicity of 2,3,7,8-TCDD (continued)
Results
Duration

Endpoint

Greater than additive

Additive/no effect

Less than additive

Conclusions

References

A complex mixture of
PCBs completely
antagonized TCDDinduced cleft palate
formation at examined
dose ratio (12,200:1).

Haake et al. 1987
(Aroclor 1254)

Oral Exposure (mg/kg/day) – PCB Mixtures
Acute

increased
offspring with
cleft palate

244+0.020 (m)

Oral Exposure (mg/kg/day) – PCB Congeners
(HCB = hexachlorobiphenyl; PeCB = pentachlorobiphenyl; TCB = tetrachlorobiphenyl)
Acute

increased
offspring with
cleft palate

40–80+0.012 (m)
10–20+0.003 (m)

25–50+0.003 (m)

90.2+0.020 (m)

270.7+0.020 (m)
217.5+0.020 (m)

62.5+0.015 (m)
1,000+0.015 (m)

125–500+ 0.015 (m)

1/3 Congeners
(2,3,3',4,4',5-)
potentiated TCDDinduced cleft palate
formation; 2/3
congeners were
partially antagonistic
(2,2',4,4',5,5'- and
2,2',4,4'-).
Relationship between
dose and antagonism
for 2,2',4,4',5,5'-HCB
increased to a
maximum then
declined to no effect
(inverted U shape).

Birnbaum et al. 1985
(2,3,3',4,4',5-HCB)
(2,2',4,4',5,5'-HCB)

Biegel et al. 1989a,
1989b
(2,2',4,4',5,5'-HCB)
(2,2',4,4'-TCB)
Morrissey et al. 1992
(2,2',4,4',5,5'-HCB)
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Table 8. Summary of Available Data on the Influence of PCBs on Toxicity/Carcinogenicity of 2,3,7,8-TCDD (continued)
Results
Duration

Endpoint

Greater than additive

Additive/no effect

Less than additive

Conclusions

References

Relationship between
dose and partial
antagonism appeared
to be a steep inverted
U.

Morrissey et al. 1992
(2,2',4,4',5,5'-HCB)

Antagonism of low
dose of TCDD
observed at dose ratio
of 358,000:1. No
antagonism of high
TCDD dose.

Smialowicz et al.
1997
(2,2',4,4',5,5'-HCB)

Oral Exposure (mg/kg/day) – PCB Congeners
(HCB = hexachlorobiphenyl; TCB = tetrachlorobiphenyl)
Acute

increased
offspring with
hydronephrosis

62.5–250+0.015 (m)
1,000+0.015 (m)

500+0.015 (m)

90.2+0.020
270.7+0.020
Acute

impaired
immune
response to
sheep red blood
cells

3.58+0.001 (m)
35.8+0.001 (m)
3.58–358+0.010 (m)

358+0.001 (m)

Biegel et al. 1989b
(2,2',4,4',5,5'-HCB)
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Table 8. Summary of Available Data on the Influence of PCBs on Toxicity/Carcinogenicity of 2,3,7,8-TCDD (continued)
Results
Duration

Endpoint

Greater than additive

Additive/no effect

Less than additive

Conclusions

References

Oral Exposure (mg/kg/day) – PCB Congeners
(HCB = hexachlorobiphenyl; PeCB = pentachlorobiphenyl; TCB = tetrachlorobiphenyl)
Inter
mediate

decreased
thyroid hormone
levels (total and
free T4)

13 weeks
0.98–9.8+0.00005 (r)
0.98-9.8+0.0005 (r)

4 weeks
0.98–9.8+0.00005 (r)
0.98–9.8+0.0005 (r)

Joint action of
2,2',4,4',5,5'-HCB and
TCDD to decrease T4
levels was synergistic
at 13 weeks.
13 weeks
0.08–0.7+0.0003 (r)
13 weeks (:g/kg/day)
0.5–10.1+0.03 (r)
0.4–9.7+0.3 (r)

Other two congeners
showed less-than
additive joint action
with TCDD on thyroid
hormone levels.

van Birgelen et al.
1992
(2,2',4,4',5,5'-HCB)

van Birgelen et al.
1994a
(2,3,3',4,4',5-HCB)
van Birgelen et al.
1994b
(3,3',4,4',5-PeCB)
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Table 8. Summary of Available Data on the Influence of PCBs on Toxicity/Carcinogenicity of 2,3,7,8-TCDD (continued)
Results
Duration

Endpoint

Greater than additive

Additive/no effect

Less than additive

Conclusions

References

Oral Exposure (mg/kg/day) – PCB Congeners
(HCB = hexachlorobiphenyl; PeCB = pentachlorobiphenyl; TCB = tetrachlorobiphenyl)
Intermediate

decreased body
weight and
thymus weight;
increased
relative liver
weight

13 weeks
0.98–9.8+0.00005 (r)
0.98–9.8+0.0005 (r)
13 weeks
0.08–0.7+0.0003 (r)
13 weeks (:g/kg/day)
0.5–10.1+0.03 (r)
0.4–9.7+0.3 (r)

2,2',4,4',5-HCB did
not influence TCDD
effects on body weight
and thymus weight,
and additively affected
relative liver weight.
Other 2 congeners
showed less than
additive joint action
with TCDD on these
endpoints.

van der Kolk et al.
1992
(2,2',4,4',5,5'-HCB)
van Birgelen et al.
1994a
(2,3,3',4,4',5-HCB)
van Birgelen et al.
1994b
(3,3',4,4',5-PeCB)
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Table 8. Summary of Available Data on the Influence of PCBs on Toxicity/Carcinogenicity of 2,3,7,8-TCDD (continued)
Results
Duration

Endpoint

Greater than additive

Additive/no effect

Less than additive

Conclusions

References

Oral Exposure (mg/kg/day) - PCB Congeners
(HCB = hexachlorobiphenyl; PeCB = pentachlorobiphenyl; TCB = tetrachlorobiphenyl)
Inter
mediate

increased hepatic
porphyrin levels

13 weeks
0.7–6.4+0.00003 (r)
0.6–5.9+0.0003 (r)
13 weeks
0.08–0.7+0.0003 (r)
13 weeks (:g/kg/day)
0.5–10.4+0.03 (r)
0.4–9.7+0.3 (r)

2,2',4,4',5,5'-HCB +
TCDD, at individual
non-effective doses,
jointly increased liver
porphyrin levels by
about 11–800 times
control levels. Other
examined congeners
showed no such
synergism with
TCDD.

van Birgelen et al.
1996
(2,2',4,4',5,5'-HCB)
(2,3,3',4,4',5-HCB)

(3,3',4,4',5-PeCB)
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Table 8. Summary of Available Data on the Influence of PCBs on Toxicity/Carcinogenicity of 2,3,7,8-TCDD (continued)
Results
Duration

Endpoint

Greater than additive

Additive/no effect

Less than additive

Conclusions

References

Oral Exposure (mg/kg/day) - PCB Congeners
(HCB = hexachlorobiphenyl; PeCB = pentachlorobiphenyl; TCB = tetrachlorobiphenyl)
Intermediate

decreased
hepatic retinoid
levels

13 weeks
0.98–9.8+0.00005 (r)
0.98–9.8+0.0005 (r)
13 weeks
0.08–0.7+0.0003 (r)
13 weeks (:g/kg/day)
0.5–10.1+0.03 (r)
0.4–9.7+0.3 (r)

a

All 3 congeners alone
decreased hepatic
levels of retinol and
retinylpalmitate. In
combination with
TCDD, less than
additive action was
indicated, but near
maximal decreases
occurred at TCDD
doses alone.

van Birgelen et al.
1992
(2,2',4,4',5,5'-HCB)
van Birgelen et al.
1994a
(2,3,3',4,4',5-HCB)
van Birgelen et al.
1994b
(3,3',4,4',5-PeCB)

First dose listed is for the chemical influencing the other chemical’s toxicity/carcinogenicity.
Species code: m = mouse; r = rat

b
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Table 9. Summary of Available Data on the Influence of 2,3,7,8-TCDD on Toxicity/Carcinogenicity of PCBs
Results
Duration

Endpoint

Greater than additive

Additive/no effect

Less than additive

Conclusions

References

Combined exposure
with TCDD did not
show obvious
deviation from
additive effect on
development of
(-glutamyl
transpeptidase
altered foci.

Hemming et al. 1995
(3,3',4,4',5-PeCB)

Parenteral Exposure (mg/kg/day) – PCB Mixtures (no data)
Parenteral Exposure (mg/kg/day) – PCB Congeners
(PeCB = pentachlorobiphenyl)
Inter
mediate

liver tumor
promotion
activity
(subcutaneous)

:g/kg/week

0.100a+1.00 (r)b
0.316+3.16 (r)
1.00+10.0 (r)
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Table 9. Summary of Available Data on the Influence of 2,3,7,8-TCDD on Toxicity/Carcinogenicity of PCBs (continued)
Results
Duration

Endpoint

Greater than additive

Additive/no effect

Less than additive

Conclusions

References

Joint action of
2,2',4,4',5,5'-HCB
and TCDD to
decrease T4 levels
was synergistic at
13 weeks.

van Birgelen et al.
1992
(2,2',4,4',5,5'-HCB)

Oral Exposure (mg/kg/day) – PCB Mixtures (no data)
Oral Exposure (mg/kg/day) – PCB Congeners
(HCB = hexachlorobiphenyl; PeCB = pentachlorobiphenyl)
Intermediate

decreased
thyroid
hormone levels
(total and free
T4)

13 weeks
0.00005+0.98–9.8 (r)
0.0005+0.98–9.8 (r)

4 weeks
0.00005+0.98–9.8 (r)
0.0005+0.98–9.8 (r)
13 weeks
0.0003+0.08–0.7 (r)
13 weeks (:g/kg/day)
0.03+0.5–10.1 (r)
0.3+0.4–9.7 (r)

Intermediate

decreased body
weight and
thymus weight;
increased
relative liver
weight

13 weeks
0.00005+0.98–9.8 (r)
0.0005+0.98–9.8 (r)
13 weeks
0.0003+0.08–0.7 (r)
13 weeks (:g/kg/day)
0.03+0.5–10.1 (r)
0.3+0.4–9.7 (r)

TCDD with other
2 PCB congeners
showed less-than
additive joint action
on thyroid hormone
levels.
TCDD with
2,2',4,4',5-HCB
additively affected
relative liver
weight.
TCDD with other 2
congeners showed
less than additive
joint action on these
endpoints.

van Birgelen et al.
1994a
(2,3,3',4,4',5-HCB)
van Birgelen et al.
1994b
(3,3',4,4',5-PeCB)

van der Kolk et al.
1992
(2,2',4,4',5,5'-HCB)
van Birgelen et al.
1994a
(2,3,3',4,4',5-HCB)
van Birgelen et al.
1994b
(3,3',4,4',5-PeCB)
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Table 9. Summary of Available Data on the Influence of 2,3,7,8-TCDD on Toxicity/Carcinogenicity of PCBs (continued)
Results
Duration

Endpoint

Greater than additive

Additive/no effect

Less than additive

Conclusions

References

2,2',4,4',5,5'-HCB +
TCDD, at individual
non-effective doses,
jointly increased
liver porphyrin
levels by about
11–800 times
control levels.
TCDD with other
2 congeners showed
no such synergism.

van Birgelen et al.
1996
(2,2',4,4',5,5'-HCB)

Oral Exposure (mg/kg/day) – PCB Mixtures (no data)
Oral Exposure (mg/kg/day) – PCB Congeners
(HCB = hexachlorobiphenyl; PeCB = pentachlorobiphenyl)
Inter
mediate

increased
hepatic
porphyrin
levels

13 weeks
0.00003+0.7–6.4 (r)
0.0003+0.6–5.9 (r)
13 weeks
0.0003+0.08–0.7 (r)
13 weeks (:g/kg/day)
0.03+0.5–10.4 (r)
0.3+0.4–9.7 (r)

(2,3,3',4,4',5-HCB)

(3,3',4,4',5-PeCB)
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Table 9. Summary of Available Data on the Influence of 2,3,7,8-TCDD on Toxicity/Carcinogenicity of PCBs (continued)
Results
Duration

Endpoint

Greater than additive

Additive/no effect

Less than additive

Conclusions

References

All 3 congeners or
TCDD alone
decreased hepatic
levels of retinol and
retinylpalmitate. In
combination, less
than additive action
was indicated, but
near maximal
decreases occurred
at TCDD doses
alone.

van Birgelen et al.
1992
(2,2',4,4',5,5'-HCB)

Oral Exposure (mg/kg/day) – PCB Mixtures (no data)
Oral Exposure (mg/kg/day) – PCB Congeners
(HCB = hexachlorobiphenyl; PeCB = pentachlorobiphenyl)
Intermediate

decreased
hepatic retinoid
levels

13 weeks
0.00005+ 0.98–9.8 (r)
0.0005 + 0.98–9.8 (r)
13 weeks
0.0003+0.08–0.7 (r)
13 weeks (:g/kg/day)
0.03+0.5–10.1 (r)
0.3+0.4–9.7 (r)

a

van Birgelen et al.
1994a
(2,3,3',4,4',5-HCB)
van Birgelen et al.
1994b
(3,3',4,4',5-PeCB)

First dose listed is for the chemical influencing the other chemical’s toxicity/carcinogenicity.
Species code: m = mouse; r = rat

b
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2.2.8 PCBs and Hexachlorobenzene

As discussed in Appendices B and E, health effects associated with exposure to PCBs or hexachloro
benzene that are common to both include hepatic porphyria, porphyria cutanea tarda, liver hypertrophy,
thyroid hormone homeostasis disruption, immunosuppression, impaired neurological development, and
liver cancer. Physiological and molecular processes leading to the development of these effects involve
potential sites at which PCBs and hexachlorobenzene may interact in affecting these health endpoints, but
no in vitro or in vivo studies were located that were designed to examine possible interactions between
PCBs and hexachlorobenzene. Processes in which potential interactions may occur include: induction of
Phase I and II enzymes that may influence porphyria, liver hypertrophy, tissue damage from reactive
oxygen species, and liver cancer development; disruption of thyroid hormone homeostasis via binding to
thyroid hormone transport proteins, altering thyroid hormone metabolism, or damaging thyroid tissue;
and disruption of sex hormone homeostasis via estrogenic, anti-estrogenic, androgenic, or anti-androgenic
actions. In general, mechanistic understanding of the processes involved in the development of the
common toxicity targets is too incomplete to reliably predict whether mixtures of PCBs and hexachloro
benzene may jointly act in additive, less-than-additive, or greater-than-additive fashions.

2.2.9 PCBs and p,p’-DDE

Results from animal (and some human) studies identify several sensitive shared targets of PCBs and
p,p’-DDE oral toxicity including the liver (hepatomegaly, degenerative histological effects, and liver
cancer), immune system (suppression of cell-mediated immunological responses), neurological
development (altered neurobehavior in offspring exposed in utero or during nursing periods), and altered
reproductive function or development (see Table 1 and Appendices C and E). A limited amount of
in vitro and in vivo data regarding possible interactions between PCBs and p,p’-DDE is available as
reviewed below, but the data do not provide information relevant to how PCBs and p,p’-DDE may jointly
act in affecting shared sensitive targets of public health concern.

Incubation of an estrogen receptor preparation from alligator oviducts with a mixture of p,p’-DDE,
p,p’-DDD, Aroclor 1242, trans nonachlor, and cis nonachlor or a mixture of these agents plus dieldrin,
toxaphene, and chlordane inhibited the binding of tritium-labeled 17$-estradiol to estrogen receptors
(Vonier et al. 1996). The individual agents, at the concentrations used in these mixtures, did not inhibit
the in vitro binding of 17$-estradiol to the estrogen receptors. In the absence of other information, these
observations do not provide sufficient evidence of interactions between p,p’-DDE and Aroclor 1242 that
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may influence reproductive functions or development.

Combined dietary exposure of mallards to 40 ppm p,p’-DDE and Aroclor 1254 did not alter DDEinduced egg shell thinning, but appeared to decrease the number of intact eggs that were produced
compared with values for control groups or groups exposed to either agent alone (Risebrough and
Anderson 1975). Dietary exposure of groups of mallards (4 drakes and 10 hens) to 40 ppm p,p’-DDE or
40 ppm p,p’-DDE +40 ppm Aroclor 1254 for 5 months caused 17 and 19% reduction in mean egg shell
thickness compared with control groups (Risebrough and Anderson 1975). Exposure to 40 ppm
Aroclor 1254 alone did not affect egg shell thickness. Combined exposure reduced total egg production
over the study period by about 35% compared with controls. Egg production in the first 7 weeks was
similar in all groups, but markedly dropped thereafter in the DDE+Aroclor 1254 group. About 25% of
the decline in egg production in the combined exposure group was attributed to egg eating. Further
information or studies regarding this apparent synergism between p,p’-DDE and Aroclor 1254 were not
located. The relevance of this apparent synergism to possible alterations of reproductive performance in
mammals exposed to mixtures of PCBs and p,p’-DDE is unknown.

2.2.10 PCBs and Methylmercury

PCBs and methylmercury are well-known neurotoxicants, each affecting pre- and post-natal neurological
development, as well as function of the developed neurological system. Effects on neurodevelopment are
among the most sensitive effects produced by both PCBs and methylmercury (see Table 1 and
Appendices D and E), and their joint toxic action as neurotoxicants is of public health interest. Each
chemical’s mechanisms of action are thought to involve disruption of calcium homeostatic mechanisms in
neural cells leading to activation of various second messenger systems and subsequent changes in
neurotransmitter release (e.g., dopamine), cell damage, or cell death (Bemis and Seegal 1999; Kodavanti
and Tilson 1997; Kodavanti et al. 1993, 1996). For example, in vitro exposure of rat cerebellar cells to
methylmercury (Marty and Atchison 1997) or 2,2'-dichlorobiphenyl or 3,3',4,4',5-pentachlorobiphenyl
(Kodavanti et al. 1993) caused elevations in intracellular Ca+2 concentrations. A recent in vitro study with
rat striatal tissue provides evidence of a synergistic joint action to decrease tissue levels of dopamine
(Bemis and Seegal 1999).

Four-hour exposures of punches from freshly excised rat striatal slices to either methylmercury or a
1:1 mixture of Aroclors 1254 and 1260 (Aroclor1254/1260) caused decreased dopamine tissue
concentrations, and increased dopamine media concentrations, consistent with proposed actions of these
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agents on calcium homeostasis and subsequent effects on neurotransmitter release (Bemis and Seegal
1999). Exposure levels were 1, 4, 10, 14, 20, or 40 :M methylmercury and 10, 20, 40, 100, or 200 ppm
Aroclor 1254/1260 (4 or 6 punches per exposure level). These concentrations are higher than PCB
(0.84–1.9 ppm) or mercury (0.34 ppm) concentrations reported to occur in Great Lakes fish (Bemis and
Seegal 1999). Dopamine tissue concentrations showed statistically significant (p<0.05) decreases,
compared with controls, with each incremental increase in Aroclor 1254/1260 level ranging from about
90% of control values at 10 ppm to 60% at 200 ppm. In contrast, statistically significant decreases from
methylmercury were only observed at the two highest concentrations. Dopamine levels in tissues
exposed to 14, 20, and 40 :M methylmercury were 84 (not significantly different from controls), 20, and
1% of control values, indicating a steep dose-response relationship between 14 and 20 :M. Conversely,
media levels of dopamine increased with increasing levels of Aroclor 1254/1260 in the media. Media
levels of lactate dehydrogenase, measured as indices of the integrity of plasma membranes and viability
of the tissue, were not significantly different from control levels at all Aroclor concentrations, but were
significantly elevated by about 20% at 20 :M methylmercury.
Striatal tissue samples were also simultaneously exposed to methylmercury at 4, 10, or 14 :M plus
Aroclor 1254/1260 at 10, 20, 40, 100, or 200 ppm (Bemis and Seegal 1999). Data for tissue dopamine
levels or media dopamine levels were analyzed by a two-factor analysis of variance at each of the three
levels of methylmercury. The analysis assumed a linear response-addition model of two factors and an
interaction term (personal communication with R. Seegal, 2/23/01). The analysis of tissue concentrations
indicated that the interaction term was statistically significant at 4 (p<0.05), 10 (p<0.001), and
14 (p<0.01) :M methylmercury; similar results were obtained for the media concentration interaction
term. This study design and statistical analysis provides qualitative information that interactions
occurred. Observed combined-exposure mean tissue dopamine concentrations (expressed as a percentage
of control values in Figure 1 of Bemis and Seegal 1999) were compared with predicted values that were a
sum of the mean dopamine concentrations of tissues exposed to respective concentrations of the
individual agents. The observed values were lower than the predicted values at Aroclor 1254/1260
concentrations $40 ppm in the presence of 10 or 14 :M methylmercury and the predicted values at
Aroclor 1254/1260 concentrations $100 ppm in the presence of 4 :M methylmercury. This comparison
is suggestive of a synergistic effect. For example, the observed mean dopamine concentration at 14 :M
methylmercury plus 200 ppm Aroclor 1254/1260 was about 20% of control values, whereas the predicted
value was 40% of control (based on approximate observed responses of 60% to 200 ppm
Aroclor 1254/1260 alone and about 80% to 14 :M methylmercury alone). A statistical test of the
comparison of the observed and predicted concentrations, however, cannot be constructed because of
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limitations in the study design and the reporting of the data in the Bemis and Seegal (1999) report.

In an in vivo study of possible interactions between PCBs and methylmercury, groups of pregnant female
JCL-ICR mice were fed a normal diet or one containing 500 ppm Kanechlor 500 from gestation day 0 to
day 21 after delivery and received gavage doses of methylmercury in corn oil (0, 0.4, or 4 mg Hg/kg/day)
from gestation day 15 to day 21 after delivery (Tanimura et al. 1980). An approximate dose of
940 mg/kg/day Kanechlor 500 is estimated based on a calculated food consumption rate of 0.06 kg/day
(EPA 1988) and an approximate average body weight of 0.032 kg for the dams. These dose levels are
expected to be higher than those experienced by people consuming contaminated fish from the Great
Lakes or Baltic Sea. The dose levels were selected based on preliminary studies indicating that dietary
exposure of mice to 500 ppm Kanechlor 500 throughout gestation produced no teratogenicity, but some
embryolethality and decreased learning ability, and that gavage methylmercury doses of 4 mg Hg/kg/day
would cause body weight changes, but no overt pathological changes, in offspring (8 mg Hg/kg/day
produced paralysis, gait problems, and lethality in all pregnant mice). At sacrifice on day 21 after
delivery, maternal mice exposed to 500 ppm Kanechlor alone or in combination with methylmercury
showed similar increased body weights and increased liver weights compared with controls, but no gross
pathological changes were detected in autopsies. These effects were not seen in maternal mice exposed to
methylmercury alone.

Offspring survival through day 21 after delivery in all treated groups was not significantly different from
control group survival, except for the Kanechlor 4 mg Hg/kg group, which showed 82.5% survival at
day 21 compared with 98.9% in the control group. Survival of male offspring in all Kanechlor groups
showed a marked decline, compared with controls, at about 5 weeks after birth; at 10 weeks after birth,
male offspring survival percentages were about 60, 60, and 40% for the groups with Kanechlor plus 0,
0.4, and 4 mg Hg/kg, compared with >90% in the control and methylmercury alone groups. Autopsies of
expired offspring revealed no obvious or specific cause of death. Survival data for female offspring were
reported to have been similar. At birth, there were no significant exposure-related differences in offspring
body weights, but the rate of offspring body weight gain through weaning was decreased in all Kanechlor
groups compared with controls. The depression in early offspring body weight gain was most
pronounced in the Kanechlor plus 4 mg Hg/kg group.

A battery of developmental tests including negative geotaxis, righting on the surface, cliff avoidance,
swimming, auditory startle, and hindlimb support were administered on several preweaning days to all
offspring (Tanimura et al. 1980). Statistically significant exposure-related effects were restricted to
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decreased hindlimb support test scores in all Kanechlor groups at day 14 and in only the Kanechlor plus
4 mg Hg/kg group at days 17 and 21, and decreased proportion of correct responses in a visual placing
test in only the Kanechlor plus 4 mg Hg/kg group at day 21. Tests of general activity (open field), and
learning ability (water filled multiple T-maze and conditioned avoidance response) were administered to
two male offspring from each litter at several post-weaning intervals. No consistent, statistically
significant differences in test performances were found between control and exposed groups, although
learning ability in the conditioned avoidance test was reported to have been “slightly inhibited” in
methylmercury groups and “tended to be lower, compared to the untreated controls” in the PCB-treated
groups.

Reproductive performance and a measure of developmental toxicity were also evaluated in the male and
female F1 offspring with a first mating at 10 weeks of age (Tanimura et al. 1980). No statistically
significant exposure-related changes were observed in first mating success, live birth index, number of
live F2 newborns, F2 survival through day 21 after birth, and F2 offspring body weight through
day 21 after birth. Reproductive performance was continuously surveyed in one randomly selected
F1 female per litter until 48 weeks of age. No significant exposure-related effects were found on
reproductive efficiency, litter sizes, survival rate, growth rate, or prevalence of anomalies in offspring
sacrificed on day 21 after birth.

In summary, the mouse study by Tanimura et al. (1980) found no evidence for obvious synergism or
additive joint action between Kanechlor 500 and methylmercury in affecting several endpoints evaluated
in offspring of female mice exposed during lactation and gestation. Post-natal survival was affected to a
greater degree by combined exposure (at a dose level of 4, but not 0.4 mg Hg/kg/day) than exposure to
Kanechlor 500 alone; methylmercury alone did not affect post-natal survival. The combined-exposure
effect on post-natal survival could be explained by a possible potentiation of Kanechlor 500 lethality by
methylmercury, but the possibility of some other mode of joint action cannot be precluded due to design
limitations of this study. Other examined endpoints included righting and swimming ability, hindlimb
support, general open-field activity and learning ability in offspring at several postnatal periods,
reproductive performance in F0 and F1 generations, and prevalence of developmental anomalies. The
study did not include doses of the individual agents that influenced most of the examined variables, did
not provide any information on dose-response relationships for the individual agents, and provided no
information on dose-response relationships for combined exposure and most of the variables. Thus, no
meaningful comparisons (statistically based or otherwise) could be made between observed combinedexposure responses and predicted responses based on some concept of joint action. Thus, very limited
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information is provided concerning possible modes of joint action of PCBs and methylmercury on post
natal survival, neurobehavior, reproductive performance, and prevalence of developmental anomalies.

Reproductive endpoints, serum thyroid hormone levels (T3 and T4), and histology of brain, kidney,
adrenals, pituitary, and thyroid were evaluated in groups of adult ranch-bred mink fed a commercial mink
food supplemented with 0 or 1 ppm Aroclor 1254, 1 ppm Hg as methylmercury, 1 ppm Aroclor 1254
+1 ppm methylmercury, or 0.5 ppm Aroclor 1254 +0.5 ppm methylmercury for 8 months that spanned
one breeding period (December 1984 through June 1985) (Wren et al. 1987a, 1987b). Exposed groups
contained 12 females and 4 males; the control groups had 15 females and 5 males. Food intake and body
weight data were not reported, but gross estimates of 0.2 mg/kg/day Aroclor 1254 and 0.2 mg Hg/kg/day
are derived for the 1-ppm treatment based on a food intake of 150 g/day and body weight of 0.9 kg for
minks (Aulerich et al. 1987). During the third month of exposure, eight females and one male in the
1-ppm methylmercury group, and three females in the 1-ppm Aroclor + methylmercury group died,
displaying obvious signs of mercury intoxication (e.g., convulsions, tremors, lethargy). The mortality
was attributed to a combination of cold stress and methylmercury poisoning, and surviving minks were
fed diets containing 1 ppm methylmercury every other day for the remainder of the study. No exposurerelated effects were found on the thyroid, pituitary, adrenal glands, or serum T4 or T3 levels in adult
minks that survived the 8-month exposure period. Fertility of adult male mink, percentage of females
whelped, or number of offspring born per female were not significantly affected by any of the treatments.
The average number of offspring per female at weaning (5 weeks after birth) was significantly (p<0.05)
lower in the 1 ppm Aroclor + methylmercury group (2.1 offspring/female) than in the control (4.5), 1 ppm
Aroclor (5.0), 1 ppm methylmercury (4.0), or 0.5 ppm Aroclor + 0.5 ppm methylmercury groups (3.6),
indicating that post-natal offspring mortalities were increased by combined exposure to the high levels of
methylmercury and Aroclor 1254.

Wren et al. (1987b) concluded that these observations showed a synergistic effect of Aroclor 1254 and
methylmercury on post-natal survival of mink offspring, but without more information about doseresponse relationships on this endpoint, the data do not allow a rigorous conclusion regarding joint action.
The data indicate that the two agents, at respective non-effective exposure levels of 1 ppm, added together
to induce post-natal mortality, but it is not possible to discern if they added together in a less-than
additive, additive, or greater-than-additive manner. Given that the individual agents were administered at
concentrations that did not affect post-natal mortality, demonstration of synergism assuming response
addition requires that the response to the 0.5 ppm Aroclor + 0.5 ppm methylmercury treatment would
have been significantly greater than the control value; however, post-natal mortality was not changed,
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compared with control, by this treatment.

There is evidence to suggest that induction of CYP1A and CYP2B enzymes by PCB mixtures is
counteracted by simultaneous exposure to methylmercury in rats and quails (Leonzio et al. 1996a;
Takabatake et al. 1980).

In Wistar rats fed a diet containing 50 ppm of a 1:1 mixture of Kanechlors 400:500 for 14 days and
subcutaneously exposed to 10 mg Hg/kg/day as methylmercuric chloride on the last 2 days, induction of
hepatic levels of CYP and several associated oxygenases (aminopyrine N-demethylase, aniline
hydroxylase, p-nitroanisole O-demethylase) was curtailed compared with levels in rats treated with
50 ppm Kanechlor alone (Takabatake et al. 1980). Estimated daily doses of 4.6 mg Kanechlor/kg/day
were calculated assuming a food consumption rate of 0.02 kg/day and body weight of 0.217 kg for Wistar
rats. Rats fed a normal diet and treated similarly with methylmercuric chloride showed a decrease in
hepatic levels of CYP and associated oxygenases compared with rats fed a normal diet (Takabatake et al.
1980).

In quail fed a diet containing 25 ppm methylmercury and 100 ppm Aroclor 1260 for 21 days, induction of
hepatic levels of benzoxylresorufin-O-deethylase (BROD, an indicator of CYP2B) and ethoxy
resorufin-O-deethylase (EROD, an indicator of CYP1A) was curtailed compared with levels in quail fed a
diet containing 100 ppm Aroclor 1260 (Leonzio et al. 1996a). (Information provided in the report was
insufficient to calculate estimated doses.) Exposure to 10 ppm Aroclor 1260 induced hepatic levels of
these enzymes to a lesser degree than 100 ppm, but this level of induction was not markedly influenced
by simultaneous exposure to 2.5 ppm methylmercury in the diet. Levels of BROD and EROD were
increased to a small degree, compared with control values, in quail fed a diet containing 2.5 ppm methyl
mercury alone, but activities were non-significantly decreased in quail fed a diet containing 25 ppm
methylmercury alone. Exposure to 25 ppm methylmercury and 100 ppm Aroclor 1260 produced a
decrease in serum cholesterol that was associated with a decrease in hepatic levels of Aroclor 1260
compared with exposure to Aroclor 1260 alone (Leonzio et al. 1996a).

A companion study found that a 3-week exposure of quail to 2.5 or 25 ppm methylmercury in the diet or
10 or 100 ppm Aroclor 1260 in the diet increased mean porphyrin levels in liver or excreta and that
combined exposure to 2.5 ppm methylmercury +10 ppm Aroclor 1260 or 25 ppm +100 ppm Aroclor 1260
appeared to additively increase porphyrin levels (Leonzio et al. 1996b). For example, differences in total
porphyrins in excreta between groups treated with 25 ppm methylmercury alone or 100 ppm
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Aroclor 1260 and control values were 3,801 and 2,831 pmol/g of excreta. For the combined exposure
group, the difference was 6,070 pmol/g of excreta, which is similar to a predicted value of 6,632 pmol/g
based on an additivity assumption.

The results of the studies by Leonzio et al. (1996a) and Takabatake et al. (1980) suggest that simultaneous
exposure to methylmercury may counteract the induction of hepatic CYP enzymes by PCBs, but it is
unclear if this is due to direct mercury inhibition of enzyme activity, methylmercury inhibition of PCB
uptake or distribution, or some other mechanism. Both compounds appear to cause porphyria in quail,
and limited data suggest that they may jointly act in an additive manner (Leonzio et al. 1996b).

Tables 10 and 11 summarize the available in vivo interactions data for PCBs and methylmercury.

Table 10. Summary of Available Data on the Influence of PCBs on Toxicity/Carcinogenicity of Methylmercury
Results
Duration

Endpoint

Greater than additive

Additive/no effect

Less than additive

Conclusions

References

Oral Exposure (mg/kg/day)
Intermediate

impaired
learning
capability in
offspring

940a+4 (m)b

Data were inadequate
for definitive
conclusions on joint
action.

Tanimura et al.
1980
(Kanechlor 500)

Inter
mediate

decreased
neonatal
survival in
offspring

0.2+0.2 (i)

Data indeterminate to
determine joint action;
decreased survival not
observed with
(0.1+0.1) mg/kg/day.

Wren et al. 1987b
(Aroclor 1254)

Intermediate

increased
porphyrins in
liver and
excreta

2.5 ppm+10 ppm (q)
25 ppm+100 ppm (q)

Results consistent with
additivity in producing
porphyria.

Leonzio et al.
1996b
(Aroclor 1260)

a

First dose listed is for the chemical influencing the other chemical’s toxicity/carcinogenicity.
Species code: i = mink; m = mouse; q = quail; r = rat

b
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Table 11. Summary of Available Data on the Influence of Methylmercury on Toxicity/Carcinogenicity of PCBs
Results
Duration

Endpoint

Greater than additive

Additive/no effect

Less than additive

Conclusions

References

10a subcutaneous+4.6 (r)b

Inhibition of PCB
induction of hepatic
CYP.

Takabatake et al.
1980
(Kanechlors
400/500)

25 ppm+100 ppm (q)

Inhibition of PCB
induction of hepatic
CYP at high, but not
low, dietary
concentrations.

Leonzio et al.
1996a
(Aroclor 1260)

Study design
inadequate for
definitive conclusions
on joint action.

Tanimura et al.
1980
(Kanechlor 500)

Oral Exposure (mg/kg/day)
Acute

induction of
hepatic CYP

Intermediate

induction of
hepatic CYP

2.5 ppm+10 ppm (q)

Intermediate

impaired
learning
capability
in offspring

4+940 (m)
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Table 11. Summary of Available Data on the Influence of Methylmercury on Toxicity/Carcinogenicity of PCBs (continued)
Results
Duration

Endpoint

Greater than additive

Additive/no effect

Less than additive

Conclusions

References

Methylmercury
showed no effect at
low dose; possible
potentiation of PCB
effect at 4 mg/kg, but
study designs are
inadequate for
definitive conclusions
on joint action.

Tanimura et al.
1980
(Kanechlor 500)

0.4+940 (m)

Methylmercury
showed no effect at
low dose; possible
potentiation at 4
mg/kg, but study
design is inadequate
for definitive
conclusions on joint
action.

Tanimura et al.
1980
(Kanechlor 500)

2.5 ppm+10 ppm (q)
25 ppm+100 ppm (q)

Results consistent
with additivity.

Leonzio et al.
1996b
(Aroclor 1260)

Oral Exposure (mg/kg/day)
Inter
mediate

decreased
neonatal
survival in
offspring

4+940 (m)

0.4+940 (m)

0.2+0.2 (i)

Wren 1987b
(Aroclor 1254)

Oral Exposure (mg/kg/day)
Inter
mediate

decreased
body weight
gain in
neonates

Inter
mediate

porphyria

a

4+940 (m)

First dose listed is for the chemical influencing the other chemical’s toxicity/carcinogenicity.
Species code: i = mink; m = mouse; q = quail; r = rat

b
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2.3 Relevance of the Joint Toxic Action Data and Approaches to Public Health

No studies were located that examined health effects in humans or animals exposed to five-component
mixtures containing CDDs, hexachlorobenzene, p,p’-DDE, methylmercury, and PCBs. Furthermore,
PBPK/PD models have not been developed to predict dispositional and toxicological outcomes of joint
action of mixtures of these five components.

As discussed in the appendices and illustrated in Table 1, oral exposure to each component of the mixture
of concern (2,3,7,8-TCDD, hexachlorobenzene, p,p’-DDE, methylmercury, and PCBs) can produce a
wide range of health effects that is dependent on dose level, duration of exposure, and genetic, gender,
and developmental status of the exposed individual. Table 1 also illustrates that there is a fair amount of
overlap in the endpoints or organs that these chemicals affect. This observation is reflected in the
endpoints that form the basis of the oral MRLs for these chemicals (Table 12).

Table 12. Health Effects Forming the Basis of ATSDR Oral MRLs for Chemicals of Concern.
(See Appendices A, B, C, D, and E for More Details.)
Duration
of
exposure

2,3,7,8
TCDD

Hexachlorobenzene

p,p’-DDEa

Methylmercury

PCBs

Acute

immuno
suppression
in rats

neurobehavioral
changes in rat
offspring

neurobehavioral
changes in mouse
offspring

none derived,
inadequate data

none derived,
inadequate data

Inter
mediate

immuno
suppression
in rats

reproductive organ
changes in female
monkeys

hepatomegaly in
rats

None derived,
inadequate data

neuro
behavioral
changes in
monkey
offspring

Chronic

neuro
behavioral
changes in
monkey
offspring

liver degeneration and
porphyria in rats

none derived,
inadequate data

neurobehavioral
changes in
human offspring

immuno
suppression in
monkeys

a

No MRLs were derived specifically for p,p’-DDE, but MRLs for DDT (listed in the DDE column of this table) were based
on effects due to p,p’-DDT and are expected to be relevant to p,p’-DDE.
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The observations reflected in Tables 1 and 12 lead to concerns that, following oral exposure to mixtures
of these five chemicals: (1) all five chemicals may jointly act to produce altered neurological
development, suppression of immune competence, or cancer; (2) four (2,3,7,8-TCDD, hexachloro
benzene, p,p’-DDE, and PCBs) may jointly act to produce liver damage; (3) four (2,3,7,8-TCDD, hexa
chlorobenzene, methylmercury, and PCBs) may jointly act to disrupt female reproductive organ function;
(4) four (2,3,7,8-TCDD, p,p’-DDE, methylmercury, and PCBs) may jointly act to disrupt male
reproductive organ function; and (5) three (2,3,7,8-TCDD, p,p’-DDE, and PCBs) may jointly act to alter
development of male reproductive organs.

Support for altered neurological development as a possible health hazard from frequent oral exposure to
the mixture of concern comes from studies of children of women who frequently consumed Great Lakes
sportfish. Frequent dietary consumption of contaminated Great Lakes fish by child-bearing-aged women
was associated in two prospective epidemiological studies with changes in the neurological development
of their children (Fein et al. 1984; Jacobson and Jacobson 1996; Jacobson et al. 1984, 1985, 1990a,
1990b; Lonky et al. 1996; Stewart 1999, 2000b). Other studies do not provide consistent evidence that
consumption of Great Lakes fish presents obvious risks for impaired reproduction, impaired immune
capabilities, or physical birth defects (Buck et al. 1997; Courval et al. 1999; Feeley and Jordan 1998;
Feeley et al. 1998; Hertzler 1990; Kostyniak et al. 1999; Mendola et al. 1995, 1997; Vena et al. 1996).

There is suggestive evidence for associations between frequent consumption of contaminated Baltic Sea
fish and impaired immunological competence (in seals) or low birth weight (in children of mothers who
frequently ate Baltic Sea fish), but the data do not clearly demonstrate dose-response relationships (Ross
et al. 1995; Rylander and Hagmar 1999; Rylander et al. 1995, 1996, 1998a, 1998b; Svensson et al. 1994).

The weight of the evidence for an association between frequent consumption of contaminated Great
Lakes fish and impaired neurological development in children is greater than that for associations
between frequent consumption of contaminated Baltic Sea fish and impaired immune capabilities or low
birth weight, but none of the weights are sufficient to establish causal relationships between fish
consumption and adverse health effects in humans. The Great Lakes fish consumption studies identify
subtle impairment of neurological development in children as a possible health hazard of concern, but are
unsuitable for developing MRLs for complex mixtures of pollutants in fish flesh because of the likelihood
that concentrations of persistent chemicals in fish will be highly variable depending on species and
geographical location. Due to exposure data deficiencies, the fish consumption studies cannot determine
with certainty which chemicals may cause possible neurodevelopmental deficits. PCBs have been
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proposed as toxicants involved in the possible association between maternal fish consumption and altered
childhood neurological development based on statistically significant associations between specific PCB
levels in maternal fluids and neurological deficits in children (Fein et al. 1984; Jacobson and Jacobson
1996; Jacobson et al. 1984, 1985, 1990a, 1990b; Lonky et al. 1996; Stewart 2000b), but other hypotheses
have been proposed including the possible involvement of other persistent chemicals in contaminated fish
or synergistic interactions between PCBs and other neurotoxicants in fish.

Investigations of wildlife species including birds, reptiles, fish, and mammals in the North American
Great Lakes region have identified reproductive and developmental problems and cancer that may be
related to exposure to mixtures of Great Lakes contaminants (Hicks 1996). For example, teratogenic
effects observed in wild bald eagles and other waterbirds in the Great Lakes region are similar to the
developmental deformities produced in laboratory studies of white leghorn chickens fed contaminated
carp from the Saginaw Bay of Lake Huron and American kestrels fed planar PCBs (Bowerman et al.
2000). The problems observed in wildlife serve to identify potential health problems that may occur in
human populations. Along with the studies of fish consumption in human populations, they provide a
focus on which to base exposure-based assessments of human health hazards from oral exposures to
mixtures of persistent Great Lakes pollutants including CDDs, hexachlorobenzene, p,p’-DDE, methyl
mercury, and PCBs.

To carry out exposure-based assessments of possible health hazards associated with oral exposure
scenarios involving frequent dietary exposure to mixtures of CDDs, hexachlorobenzene, p,p’-DDE,
methylmercury, and PCBs, component-based approaches that assume additive joint toxic action are
recommended, because of the lack of studies that examine relevant endpoints and describe dose-response
relationships for oral exposures to mixtures that contain the five components of concern. For noncancer
endpoints, a target-organ toxicity dose modification of the hazard index approach is recommended given
that a wide range of overlapping toxicity targets can be affected by the components (ATSDR 2001a). For
assessment of cancer risks from oral exposure to mixtures of the five components, a components-based
approach assuming response additivity is recommended (ATSDR 2001a.).

It is recommended that these approaches treat mixtures of PCB congeners (i.e., total PCBs) as a single
entity. This approach is consistent with ATSDR’s approach to deriving oral MRLs for PCBs which are
based on data linking health effects with exposure to PCB mixtures (Appendix E; ATSDR 2000).

With component-based approaches to assessing health hazards from mixtures, it is important to assess the
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joint additive action assumption, and consider the possibility that less-than-additive or greater-than
additive joint actions may occur among the components. The available joint toxic action data for the five
components were reviewed in Section 2.2 with this purpose in mind. Tables 14–33 describe binary
weight-of-evidence determinations (BINWOEs) for the pairs of the five components of concern using the
classification scheme summarized in Table 13 and ATSDR (2001a, 2001b). The numerical scale of this
scheme range from -1 for high confidence that a less-than-additive joint action will occur, through 0 for
evidence that additive joint action will occur or for indeterministic evidence for the mode of joint action,
up to +1 for high confidence that a greater-than-additive interaction will occur. The conclusions
presented in these tables were based on the evaluations of the pertinent literature presented in Section 2.2.
An overview of the BINWOEs is presented in Table 34. The BINWOEs focus on simultaneous oral
exposure, as this is the exposure scenario of most interest for public health concerns for the components
of the mixture. A summary discussion of the BINWOEs follows this paragraph and precedes the
descriptive tables.

There are no pertinent joint toxic action data, and understanding of mechanisms of action is too
incomplete to support projections of joint toxic action for the following pairs of chemicals:

!

p,p’-DDE and hexachlorobenzene (Tables 18 and 19);

!

p,p’-DDE and methylmercury (Tables 24 and 25);

!

PCBs and hexachlorobenzene (Tables 28 and 29); and

!

PCBs and p,p’-DDE (Tables 30 and 31).

Lack of joint toxic data, conflicting data, and/or incomplete understanding of mechanisms of action also
preclude projecting interactions for the following:

!

the effect of 2,3,78-TCDD on hexachlorobenzene toxicity (Table 14);

!

the effect on methylmercury on 2,3,7,8-TCDD toxicity (Table 21);

!

the effect of hexachlorobenzene on methylmercury toxicity (Table 22);

!

the effect of PCBs on the following TCDD-induced effects: thyroid hormone disruption,
porphyria, impaired reproductive organ function and development, impaired neurological
function and development, tumor initiation and promotion (Table 26);
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!

the effect of 2,3,7,8-TCDD on the following PCB-induced effects: immunosuppression, thyroid
hormone disruption, porphyria, developmental toxicity, impaired reproductive organ function and
development, impaired neurological function and development, tumor initiation and promotion
(Table 27); and

!

the effect of methylmercury on the following PCB-induced effects: immunosuppression, thyroid
hormone disruption, developmental toxicity not related to neurological deficits or decreased
neonatal survival, impaired reproductive performance, tumor initiation and promotion (Table 32).

Evidence of varying quantity and quality is available supporting projections of additive joint action (or no
interactive effect) for the following:

!

2,3,7,8-TCDD and p,p’-DDE for anti-androgenic effects (Tables 16 and 17);

!

2,3,7,8-TCDD on methylmercury effects on immune system (Table 20);

!

methylmercury on hexachlorobenzene hepatotoxicity (Table 23);

!

PCBs and 2,3,7,8-TCDD for inducing body and thymus weight changes, hepatomegaly, and
decreased liver levels of retinoids (Tables 26 and 27); and

!

methylmercury and PCBs for inducing hepatic porphyria (Tables 32 and 33).

Evidence is also available supporting projections of the following possible interactions:

!

hexachlorobenzene potentiation (greater-than-additive interaction) of TCDD reduction in body
weight and thymus weight (Table 15);

!

antagonism (less-than-additive interaction) by PCB mixtures of TCDD induction of immune
system suppression and developmental effects (cleft palate and hydronephrosis) (Table 26); and

!

synergism (greater-than-additive interaction) between PCBs and methylmercury in disrupting
regulation of brain levels of dopamine, a process possibly influencing neurological function and
development (Tables 32 and 33).
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In summary, there is only a limited amount of evidence that non-additive interactions may exist between a
few of the chemical pairs: hexachlorobenzene potentiation of TCDD reduction of body and thymus
weights; PCB antagonism of TCDD immunotoxicity and developmental toxicity; and synergism between
PCBs and methylmercury in disrupting neurological function and development. For the remaining pairs,
additive joint action at shared targets of toxicity is either supported by data (for a few pairs) or is
recommended as a public health protective assumption due to lack of interaction data, conflicting
interaction data, and/or lack of mechanistic understanding to reliably support projections of modes of
joint toxic action.
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Table 13. Binary Weight-of-Evidence Scheme for the Assessment of Chemical Interactions
Classification
Direction of Interaction
=
>
<
?

Additive
Greater than additive
Less than additive
Indeterminate

Quality of the Data

Factor
Direction
0
+1
–1
0
Weighting

Mechanistic Understanding
I.

Direct and Unambiguous Mechanistic Data: The mechanism(s) by which the interactions
could occur has been well characterized and leads to an unambiguous interpretation of
the direction of the interaction.

1.0

II.

Mechanistic Data on Related Compounds: The mechanism(s) by which the interactions
could occur is not been well characterized for the chemicals of concern but structureactivity relationships, either quantitative or informal, can be used to infer the likely
mechanisms(s) and the direction of the interaction.

0.71

III.

Inadequate or Ambiguous Mechanistic Data: The mechanism(s) by which the
interactions could occur has not been well characterized or information on the
mechanism(s) does not clearly indicate the direction that the interaction will have.

0.32

Toxicological Significance
A.

The toxicological significance of the interaction has been directly demonstrated.

1.0

B.

The toxicological significance of the interaction can be inferred or has been
demonstrated for related chemicals.

0.71

C.

The toxicological significance of the interaction is unclear.

0.32

Modifiers
1.
2.

Anticipated exposure duration and sequence.
Different exposure duration or sequence.

1.0
0.79

a.
b.

In vivo data
In vitro data

1.0
0.79

i.
ii.

Anticipated route of exposure
Different route of exposure

1.0
0.79

Weighting Factor = Product of Weighting Scores: Maximum = 1.0, Minimum = 0.05
BINWOE = Direction Factor x Weighting Factor: Ranges from !1 through 0 to +1
Source: ATSDR 2001a, 2001b
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Table 14. Effect of 2,3,7,8-TCDD on Hexachlorobenzene
(see Table 13 for explanation of BINWOE codes)
BINWOE: ? (0)
Direction of Interaction - The direction of the interaction cannot be predicted in the absence of
(1) pertinent joint toxic action data, (2) information clearly indicating that possible pharmacokinetic
interactions with 2,3,7,8-TCDD will influence hexachlorobenzene toxicity or carcinogenicity, or
(3) mechanistic understanding supporting a reliable projection of the mode of joint action of
2,3,7,8-TCDD and hexachlorobenzene on any toxicity target.
Mechanistic Understanding - Hepatic porphyria from repeated exposure to hexachlorobenzene has
been proposed to be dependent on CYPIIIA-mediated metabolism and to involve an unidentified
reactive intermediate (that inhibits the heme biosynthetic pathway from uroporphyrinogen) during
biotransformation to pentachlorophenol (den Besten et al. 1993). Alternatively, it has been proposed
that induction of CYP1A isozymes (via the Ah receptor) leads to a stimulation of the oxidation of
uroporphyrinogen to uroporphyrin and an inhibition of heme synthesis from uroporphyrinogen
(Sinclair et al. 1997). 2,3,7,8-TCDD is a potent inducer of CYP1A, but does not appear to induce
CYPIIIA isozymes. Both compounds can produce hepatic porphyria, but the mode of their joint action
has not been studied, and it is unknown whether they would jointly produce hepatic porphyria in an
additive, greater-than-additive, or less-than-additive manner.
Mechanistic understanding of other hexachlorobenzene-induced health effects (such as altered
neurological development, decreased circulating levels of thyroid hormones, and disruption of female
reproductive organs) is insufficient to clearly indicate whether TCDD induction of CYP or Phase II
enzymes will potentiate hexachlorobenzene toxicity (see Appendix B). Although hexachlorobenzene
binds to the Ah receptor (with much less affinity than 2,3,7,8-TCDD), the degree to which hexachloro
benzene-induced toxic effects are mediated by the Ah receptor is unknown.
Joint action at several shared target organs (e.g., liver, developing neurological system, reproductive
organs, thyroid) is plausible, but whether the action would be additive, greater-than-additive, or less
than-additive is unknown and unstudied.
Toxicological Significance - No studies were located that were designed to compare responses of
pertinent toxicity targets to mixtures of TCDD and hexachlorobenzene with responses to either
compound alone. No studies were located in which pretreatment with TCDD before hexachloro
benzene exposure was examined for possible effects on hexachlorobenzene toxicity.
Additional Uncertainties - If 2,3,7,8-TCDD induces CYP enzymes involved in hexachlorobenzene
metabolism, an alternative possibility is that TCDD co-exposure may potentiate hexachlorobenzene
induced porphyria and perhaps other TCDD effects that may be caused by a reactive metabolite. This
speculation would lead to a greater-than-additive judgement with very high uncertainty. This
alternative judgement does not appear warranted because 2,3,7,8-TCDD appears to induce CYP1A
enzymes, rather than CYPIIIA enzymes, and possible increased rates of formation of the toxic
metabolite may not exceed capacity of downstream enzymes to control concentrations in the liver.
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Table 15. Effect of Hexachlorobenzene on 2,3,7,8-TCDD
(see Table 13 for explanation of BINWOE codes)
BINWOE: > IIIC1aii (0.32 x 0.32 x 1.0 x 1.0 x 0.79 = +0.08)
for body and thymus weight effects from acute exposure
BINWOE: > IIIC2aii (0.32 x 0.32 x 0.79 x 1.0 x 0.79 = +0.06)
for body and thymus weight effects from non-acute exposure
BINWOE: ? (0)
for other effects
Direction of Interaction - Greater-than-additive (>) action of hexachlorobenzene on TCDD-induced
body and thymus weight effects is based on the observation that pretreatment of rats with single
intraperitoneal doses of hexachlorobenzene (400 :mole/kg) potentiated effects on body and thymus
weights produced by intraperitoneal doses (0.031 or 0.093 :mole/kg) of 2,3,7,8-TCDD (Li et al. 1989).
The mode of possible joint toxic action with hexachlorobenzene on other TCDD toxicity targets is
unknown and unstudied. Mechanistic understanding is inadequate to support reliable projections of the
mode of joint action of 2,3,7,8-TCDD and hexachlorobenzene on other toxicity targets.
Mechanistic Understanding - The apparent potentiation is opposite to an expectation that pretreatment
with hexachlorobenzene, at doses up to 10,000-fold higher (on a mole/kg basis) than 2,3,7,8-TCDD
doses, would have inhibited TCDD-induced effects mediated by the Ah receptor, based on the
observation that this pretreatment decreased cytosolic levels of the Ah receptor in several tissues. This
illustrates that the mechanistic understanding of TCDD toxic effects and the observed interaction are
inadequate to provide a reliable explanation or support reliable inferences based on possible
biochemical interactions between hexachlorobenzene and 2,3,7,8-TCDD. Thus, the highest
uncertainty category (III) was selected for mechanistic understanding. The results suggest that the
interaction may occur at some site other than the Ah receptor.
Joint action on several shared target organs is plausible, but mechanistic understanding of toxic actions
on other potential shared toxicity targets (e.g., liver, reproductive organs, immune system) is
inadequate to support a reliable projection of mode of joint toxic action (additive, greater-than
additive, or less-than-additive).
Toxicological Significance - The apparent potentiation by hexachlorobenzene was demonstrated for
TCDD effects on body and thymus weight from acute exposure in one study using one species (rat)
and a mixed exposure scenario in which doses of hexachlorobenzene were far greater than doses of
TCDD. The response appears to be a potentiation since hexachlorobenzene, even at doses 7.5 times
higher than the potentiating dose, did not affect body or thymus weights (Li et al. 1989). The highest
uncertainty category (C) was selected due to the lack of corroborative results from replicate studies or
other studies using other dose levels, other mixture proportions of hexachlorobenzene and TCDD, or
other species.
The mode by which hexachlorobenzene may jointly act with TCDD on other more sensitive effects
from acute or repeated exposure (immunosuppression, female reproductive organ disruption, or altered
neurological development) is unknown and unstudied; thus, the indeterminate (?) direction of
interaction category is appropriate.
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Table 15. Effect of Hexachlorobenzene on 2,3,7,8-TCDD (continued)
Modifying Factors - Because of the biopersistence of these chemicals, sequential administration may
produce similar interactions as simultaneous exposure. For acute exposure, a “1" is assigned for
duration and sequence. For intermediate or chronic exposure, a “2" is assigned, because the interaction
was demonstrated for acute exposure. A “ii” is assigned to the oral BINWOEs, because the observed
interaction is from intraperitoneal exposure.
Additional Uncertainties - The apparent potentiation does not appear to involve an interaction at the
Ah receptor, a mechanistic component that is thought also to be involved in the development of several
other effects from TCDD. The modes of possible joint toxic actions between TCDD and hexachloro
benzene on these other toxicity targets are unknown. The modifying factors reflect additional
uncertainties regarding the applicability of the single, sequential, intraperitoneal dosing protocol to
simultaneous oral exposure and durations longer than acute.
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Table 16. Effect of 2,3,7,8-TCDD on p,p’-DDE
(see Table 13 for explanation of BINWOE codes)
BINWOE: = IIIC (0)
for anti-androgenic effects
BINWOE: ? (0)
for other effects
Direction of Interaction - Support for additive joint toxic action of TCDD and p,p’-DDE on male
reproductive organ development and function is restricted to an observation that combined exposure to
TCDD and p,p’-DDE decreased prostate weight in male rat offspring to a greater degree than either
compound alone (Loeffler and Peterson 1999). Mechanistic information suggests that they may act on
a molecular scale by independent anti-androgenic mechanisms. Modes of possible joint toxic action on
several other toxicity targets are unknown and unstudied. Mechanistic understanding is inadequate to
support reliable projections of modes of joint actions on other toxicity targets.
Mechanistic Understanding - Anti-androgenic effects from p,p’-DDE are postulated to involve
inhibition of androgen-binding to androgen receptors (Kelce et al. 1995, 1997), whereas TCDD is not
expected to interfere with androgen receptor-ligand binding and may indirectly affect androgen
signaling by altering growth factor pathways (Roman et al. 1998b). An additive mode of joint toxic
action on male reproductive organ function, and development, is plausible on a whole organ level of
organization, but is not supported by these hypotheses of independent molecular-scale mechanisms of
action. Thus, the highest uncertainty category (III) for mechanistic understanding was selected.
Joint actions on several other shared target organs are plausible (e.g., liver, immune system), but
mechanistic understanding is inadequate to support a reliable projection of mode of joint toxic action
(additive, greater-than-additive, or less-than-additive).
Toxicological Significance - Simultaneous administration of oral doses of 0.25 :g/kg 2,3,7,8-TCDD
and 100 mg/kg p,p’-DDE during gestation transiently decreased prostrate weight in male rat offspring
at postnatal day 21 to a greater degree than administration of either compound alone (Loeffler and
Peterson 1999). Whereas additive joint action on this endpoint is a plausible explanation of the results
(see Section 2.2.2), the study design is inadequate to rule out possible greater-than-additive or less
than-additive joint actions. Due to study design limitations and a lack of corroborative data from other
studies, the highest uncertainty category (C) was selected for toxicological significance.
Joint actions at several shared target organs (e.g., liver, immune system) are plausible, but studies
designed to characterize modes of possible joint action (additive, greater-than-additive, or less-than
additive) were not located.
Additional Uncertainties - Confidence in the additivity projection for anti-androgenic effects would be
strengthened with better designed studies that included several dose levels of each compound, alone
and in mixture, to more conclusively determine the mode of joint toxic on male reproductive
development.
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Table 17. Effect of p,p’-DDE on 2,3,7,8-TCDD
(see Table 13 for explanation of BINWOE codes)
BINWOE: = IIIC (0)
for anti-androgenic effects
BINWOE: ? (0)
for other effects
Direction of Interaction - Support for additive joint toxic action of p,p’-DDE and TCDD on male
reproductive organ development and function is restricted to an observation that combined exposure to
TCDD and DDE decreased prostate weight in male rat offspring to a greater degree than either
compound alone (Loeffler and Peterson 1999). Modes of possible joint toxic action on several other
toxicity targets are unknown and unstudied. Mechanistic understanding is inadequate to support
reliable projections of modes of joint actions on other toxicity targets.
Mechanistic Understanding - Anti-androgenic effects from p,p’-DDE are postulated to involve
inhibition of androgen-binding to androgen receptors (Kelce et al. 1995, 1997), whereas TCDD is not
expected to interfere with androgen receptor-ligand binding and may indirectly affect androgen
signaling by altering growth factor pathways (Roman et al. 1998b). An additive mode of joint toxic
action on male reproductive organ function, and development, is plausible on a whole organ level of
organization, but is not supported by these hypotheses of independent molecular-scale mechanisms of
action. Thus, the highest uncertainty category (III) for mechanistic understanding was selected.
Joint actions on several other shared target organs are plausible (e.g., liver, immune system), but
mechanistic understanding is inadequate to support a reliable projection of mode of joint toxic action
(additive, greater-than-additive, or less-than-additive).
Toxicological Significance - Simultaneous administration of oral doses of 0.25 :g/kg 2,3,7,8-TCDD
and 100 mg/kg p,p’-DDE during gestation transiently decreased prostrate weight in male rat offspring
at postnatal day 21 to a greater degree than administration of either compound alone (Loeffler and
Peterson 1999). Whereas additive joint action on this endpoint is a plausible explanation of the results
(see Section 2.2.2), the study design is inadequate to rule out the possibility of greater-than-additive or
less-than-additive joint actions. Due to study design limitations and a lack of corroborative data from
other studies, the highest uncertainty category (C) was selected for toxicological significance.
Joint actions at several shared target organs (e.g., liver, immune system) are plausible, but studies
designed to characterize modes of possible joint action (additive, greater-than-additive, or less-than
additive) were not located.
Additional Uncertainties - Confidence in the additivity projection for anti-androgenic effects would be
strengthened with better designed studies that included several dose levels of each compound, alone
and in mixture, to more conclusively determine the mode of joint toxic on male reproductive
development.
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Table 18. Effect of p,p’-DDE on Hexachlorobenzene
(see Table 13 for explanation of BINWOE codes)
BINWOE: ? (0)
Direction of Interaction - The direction of interaction cannot be predicted in the absence of
(1) pertinent joint toxic action data, (2) information indicating that pharmacokinetic interactions with
p,p’-DDE will influence hexachlorobenzene toxicity or carcinogenicity, or (3) mechanistic
understanding supporting a reliable projection of the mode of joint toxic action of p,p’-DDE and hexa
chlorobenzene on any toxicity target.
Mechanistic Understanding - Joint actions of p,p’-DDE and hexachlorobenzene in producing several
similar effects (liver damage, immunosuppression, male reproductive organ disruption, altered
neurological development, and cancer) are plausible, but mechanistic understanding is inadequate to
support reliable projections of modes of joint toxic action. Hexachlorobenzene-induced hepatic
porphyria is thought to involve an unidentified reactive intermediate produced either by CYPIIIAmediated or CYP1A-mediated metabolism (den Besten et al. 1993; Sinclair et al. 1997; see Appendix
B). DDE induces hepatic CYPIIB and, to a lesser degree, CYPIIIA in rats. If simultaneous exposure
to DDE and hexachlorobenzene cause an increased induction of CYPIIIA enzymes (compared with
hexachlorobenzene alone) so that capabilities of downstream Phase II enzymes to control liver
concentrations of the reactive hexachlorobenzene metabolite are exceeded, then a potentiation of hexa
chlorobenzene-induced liver toxicity may occur. No studies were located that investigated hepatic
metabolic interactions between hexachlorobenzene and p,p’-DDE (or DDT), but this projection is not
reliable given that hexachlorobenzene can induce its own metabolism and downstream Phase II
enzymes would need to be saturated for the potentiation to occur.
Toxicological Significance - No studies were located that were designed to compare responses of
pertinent toxicity targets to mixtures of DDE and hexachlorobenzene with responses to either
compound alone. No studies were located in which pretreatment with DDE before hexachlorobenzene
exposure was examined for possible effects on hexachlorobenzene toxicity at any target organ. Joint
actions at several shared target organs are plausible (e.g., liver, nervous system, immune system,
thyroid—see Appendices B and C), but whether the actions would be additive, greater-than-additive, or
less-than-additive is unknown and unstudied.
Additional Uncertainties - Uncertainties have been addressed in the above discussion of data quality
weighting factors.
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Table 19. Effect of Hexachlorobenzene on p,p’-DDE
(see Table 13 for explanation of BINWOE codes)
BINWOE: ? (0)
Direction of Interaction - The direction of interaction cannot be predicted in the absence of
(1) pertinent joint toxic action data, (2) information indicating that possible pharmacokinetic
interactions with p,p’-DDE will influence hexachlorobenzene toxicity or carcinogenicity, or
(3) mechanistic understanding supporting a reliable projection of the mode of joint toxic action of
p,p’-DDE and hexachlorobenzene on any toxicity target.
Mechanistic Understanding - Joint actions of p,p’-DDE and hexachlorobenzene in producing several
similar effects (liver damage, immunosuppression, altered neurological development, and cancer) are
plausible (see Appendices B and C), but mechanistic understanding is inadequate to support reliable
projections of modes of joint toxic action. Toxic actions of p,p’-DDE are thought to involve the parent
compound disrupting functions of membranes in various target organs (e.g., disruption of transport
mechanisms in neuronal membranes, disruption of ultrastructure of hepatic mitochondrial membranes;
see Appendix C). The possible influence of hexachlorobenzene on DDE molecular mechanisms of
toxic action is unstudied.
Toxicological Significance - No studies were located that were designed to compare responses of
pertinent toxicity targets to mixtures of DDE and hexachlorobenzene with responses to either
compound alone. No studies were located in which pretreatment with DDE before hexachlorobenzene
exposure was examined for possible effects on hexachlorobenzene toxicity at any target organ. Joint
actions at several shared target organs are plausible (e.g., liver, nervous system, immune system,
thyroid; see Appendices B and C), but whether the actions would be additive, greater-than-additive, or
less-than-additive is unknown and unstudied.
Additional Uncertainties - Uncertainties have been addressed in the above discussion of data quality
weighting factors.
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Table 20. Effect of 2,3,7,8-TCDD on Methylmercury
(see Table 13 for explanation of BINWOE codes)
BINWOE: = IIIBbii (0)
for immune system suppression
BINWOE: ? (0)
for other effects
Direction of Interaction - There is in vitro evidence that a synthetic mixture of CDDs, CDFs, and PCBs
at concentrations that were reflective of concentrations in fish from the St. Lawrence River did not
change the effects of methylmercury on rat lymphocyte viability and mitogenic ability (Omara et al.
1997). The additive direction of interaction is selected to reflect a projected lack of effect of CDDs on
methylmercury immunotoxicity. For other methylmercury effects, a direction of interaction cannot be
reliably projected due to the absence of pertinent joint toxic action data, absence of information that
possible pharmacokinetic interactions with TCDD may influence methylmercury toxicity, and
inadequate mechanistic understanding supporting a reliable projection of the mode of possible joint
toxic action of 2,3,7,8-TCDD and methylmercury on other toxicity targets.
Mechanistic Understanding - CDDs are postulated to produce immunotoxic effects such as lymphoid
tissue depletion and increased susceptibility to infectious agents via an initial mediation by the Ah
receptor and unknown subsequent molecular events within the immune system (Kerkvliet 1994;
Appendix A). Mercuric salts and methylmercury have been demonstrated to cause both autoimmune
stimulation and a suppression of the immune system, but the mechanisms that may be involved are
unknown (Appendix D). Pertinent molecular sites of possible interactions between TCDD and methyl
mercury are thus unidentified, and the limited mechanistic understanding suggests that CDDs may
produce immune effects by different mechanisms than methylmercury (i.e., methylmercury
immunotoxicity is not expected to involve Ah receptor mediation). The highest uncertainty category
(III) was therefore selected for mechanistic understanding.
Mechanistic understanding of methylmercury-induced critical effects (altered neurological
development, immunosuppression, and cancer) is insufficient in itself to project possible interactions
with TCDD, although interactions at the Ah receptor do not seem likely.
Toxicological Significance - In vitro studies of immunological endpoints in rat cultured lymphocytes
found no evidence for interactions between methylmercury and a synthetic mixture of CDDs, CDFs,
and PCBs at low concentrations reflective of concentrations in St. Lawrence River fish (Omara et al.
1997, 1998), but study design limitations preclude definitive conclusions regarding the mode of
possible joint toxic actions on the immune system. No other studies (in vitro or in vivo) to support or
refute the results of this single study were located. A moderate confidence rating for toxicological
significance (B) is selected to reflect the lack of supporting data, design limitations of the single
available study, and the plausibility that the observed lack of effect of CDDs, CDFS, and PCBs on
methylmercury immunotoxicity is relevant to pertinent environmental exposure levels such as fish
consumption.
No studies were located that were designed to compare responses of other pertinent toxicity targets to
mixtures of TCDD and methylmercury with responses to either compound alone. No studies were
located in which pretreatment with TCDD before methylmercury exposure was examined for possible
effects on methylmercury toxicity at any target organ. Joint actions at several shared target organs are
plausible (e.g., nervous system, thyroid; see Appendices A and D), but whether the actions would be
additive, greater-than-additive, or less-than-additive is unknown and unstudied; the indeterminate
classification (?) for other effects reflects this lack of data.
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Table 20. Effect of 2,3,7,8-TCDD on Methylmercury (continued)
Modifying Factors - The modifying data quality factor of b was selected to reflect that the only
available data on joint action is from an in vitro study.
Additional Uncertainties - Uncertainties have been addressed in the above discussion of data quality
weighting factors.
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Table 21. Effect of Methylmercury on 2,3,7,8-TCDD
(see Table 13 for explanation of BINWOE codes)
BINWOE: = ? (0)
Direction of Interaction - A direction of interaction cannot be reliably projected due to the absence of
pertinent joint toxic action data, absence of information that possible pharmacokinetic interactions with
methylmercury may influence TCDD toxicity, and inadequate mechanistic understanding supporting a
reliable projection of the mode of possible joint toxic action of 2,3,7,8-TCDD and methylmercury on
other toxicity targets.
Mechanistic Understanding - CDDs are postulated to produce several types of effects via an initial
mediation by the Ah receptor and subsequent molecular events within target organs (Kerkvliet 1994;
Appendix A). Mercuric salts and methylmercury have been associated with effects that occur in some
target organs that overlap with CDD toxicity targets, but molecular mechanisms that may be involved
are unknown or poorly understood (Appendix D). Pertinent molecular sites of possible interactions
between TCDD and methylmercury are thus unidentified, and the limited mechanistic understanding
suggests that CDDs may produce effects by different mechanisms than methylmercury (e.g., methyl
mercury immunotoxicity is not expected to involve Ah receptor mediation).
Interactions at the Ah receptor do not seem likely, but whether methylmercury may interact with
TCDD at other cellular or molecular sites involved in the development of TCDD health effects is
unknown.
Toxicological Significance - In vitro studies of immunological endpoints in rat cultured lymphocytes
found no evidence for interactions or additivity between methylmercury and a synthetic mixture of
CDDs, CDFs, and PCBs at low concentrations reflective of concentrations in St. Lawrence River fish
(Omara et al. 1997, 1998). However, the doses of the mixture used in the study were without effect on
the examined endpoints in the absence of methylmercury and the study provides no information on
possible effects of methylmercury on CDD-induced effects (see Section 2.2.4).
No studies were located that compared responses of other pertinent toxicity targets to mixtures of
methylmercury and TCDD with responses to either compound alone. No studies were located in which
pretreatment with methylmercury before TCDD exposure was examined for possible effects on TCDD
toxicity at any target organ. Joint actions at several shared target organs are plausible (e.g., nervous
system, thyroid; see Appendices A and D), but whether the actions would be additive, greater-than
additive, or less-than-additive is unknown and unstudied; the indeterminate classification (?) reflects
this lack of data.
Additional Uncertainties - Uncertainties have been addressed in the above discussion of data quality
weighting factors.
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Table 22. Effect of Hexachlorobenzene on Methylmercury
(see Table 13 for explanation of BINWOE codes)
BINWOE: ? (0)
Direction of Interaction - The direction of the interaction cannot be predicted for any toxicity target,
because (1) data regarding possible interactions between hexachlorobenzene and methylmercury are
restricted to one study (Renner 1980) reporting that hexachlorobenzene potentiated the acute lethality
of mercuric chloride in rats, and another study with a similar exposure protocol that did not find similar
results (Lecavalier et al. 1994), (2) there is no information indicating that pharmacokinetic interactions
with hexachlorobenzene will influence methylmercury toxicity or carcinogenicity, and (3) mechanistic
understanding is inadequate to support a reliable projection of interaction.
Mechanistic Understanding - Joint actions of methylmercury and hexachlorobenzene in producing
effects on common target organs (immune suppression, nervous system impairment including altered
neurological development, and cancer; see Appendix B and D) are plausible, but mechanistic
understanding is inadequate to support reliable projections of modes of joint toxic action.
Toxicological Significance - No studies were located that compared responses to mixtures of hexa
chlorobenzene and methylmercury with responses to either compound alone. No studies were located
in which pretreatment with hexachlorobenzene before methylmercury exposure was examined for
possible effects on methylmercury toxicity at any target organ. Joint actions at several shared target
organs are plausible (e.g., immune system, nervous system; see Appendices A and D), but whether the
actions would be additive, greater-than-additive, or less-than-additive is unknown and unstudied; the
indeterminate classification (?) reflects this lack of data.
An acute oral exposure lethality study in rats (Renner 1980) reported that 400 or 600 mg/kg doses of
hexachlorobenzene increased incidence of lethality in rats given 10, 12.5, or 18 mgHgCl2 /kg doses
(compared with mercuric chloride alone), but Lecavalier et al. (1994) reported that 10 or
12.5 mg HgCl2/kg did not produce lethality in rats in the presence or absence of 400 or 600 mg/kg
hexachlorobenzene. The lethality endpoint in these studies is unlikely to be relevant to the
development of altered neurological development, the methylmercury-induced health effect of most
concern to public health.
Additional Uncertainties - Uncertainties have been addressed in the above discussion of data quality
weighting factors.
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Table 23. Effect of Methylmercury on Hexachlorobenzene
(see Table 13 for explanation of BINWOE codes)
BINWOE: = IIIC(0)
for liver effects
BINWOE: ? (0)
for other effects
Direction of Interaction - The additive direction of interaction category is selected to reflect a projected
lack of effect of methylmercury on hexachlorobenzene hepatotoxicity. Support of this projection is
restricted to the observation that co-exposure to acute 10- or 12-mg/kg doses of mercuric chloride did
not change liver effects from acute 400- or 600-mg/kg doses of hexachlorobenzene in rats (Lecavalier
et al. 1994).
For other hexachlorobenzene effects, the direction of the interaction cannot be predicted in the absence
of pertinent joint toxic action data, information clearly indicating that possible pharmacokinetic
interactions with methylmercury will influence hexachlorobenzene toxicity or carcinogenicity, and
adequate mechanistic understanding supporting a reliable projection of modes of joint action of
methylmercury and hexachlorobenzene.
Mechanistic Understanding - Joint actions of methylmercury and hexachlorobenzene in producing
effects on common target organs (immune suppression, nervous system impairment including altered
neurological development, and cancer; see Appendix B and D) are plausible, but mechanistic
understanding is inadequate to support reliable projections of modes of joint toxic action. Hexachloro
benzene-induced hepatic porphyria is thought to involve an unidentified reactive intermediate
produced either by CYPIIIA-mediated or CYP1A-mediated metabolism (den Besten et al. 1993;
Sinclair et al. 1997; see Appendix B), but no information was located indicating that methylmercury or
mercury may alter metabolism of hexachlorobenzene. Reliable mechanistic inferences could not be
made due to inadequate understanding of the mechanism(s) involved in other hexachlorobenzene
induced critical effects (immunosuppression, female reproductive organ disruption, altered
neurological development, and cancer).
Toxicological Significance - No studies were located that compared responses to mixtures of hexa
chlorobenzene and methylmercury with responses to either compound alone. No studies were located
in which pretreatment with methylmercury before hexachlorobenzene exposure was examined for
possible effects on hexachlorobenzene toxicity at any target organ. Joint actions at several shared
target organs are plausible (e.g., immune system, nervous system; see Appendices A and D), but
whether the actions would be additive, greater-than-additive, or less-than-additive is unknown and
unstudied; the indeterminate classification (?) reflects this lack of data.
A high-dose acute oral study in rats reported that co-exposure to 10 or 12.5 mg/kg doses of mercuric
chloride did not change liver effects (increased liver weight and hepatocyte vacuolization) from
exposure to 400 or 600 mg/kg hexachlorobenzene (Lecavalier et al. 1994), but the results were
inadequately reported to allow quantitative assessment. The limited evidence supports a projection that
methylmercury will not affect the hepatotoxicity of hexachlorobenzene and selection of the “additive”
direction of interaction category for the effect of methylmercury on hexachlorobenzene. The lowest
confidence rating for toxicological significance (“C”) was selected to reflect the absence of data on
methylmercury and hexachlorobenzene, the poor reporting of the results of the Lecavalier et al. study,
and the lack of corroborative results from other studies or species.
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Table 23. Effect of Methylmercury on Hexachlorobenzene (continued)
Additional Uncertainties - Additional uncertainties would be associated with the use of the “additive”
direction of interaction category for the effect of methylmercury on hexachlorobenzene with repeated
exposure scenarios.
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Table 24. Effect of p,p’-DDE on Methylmercury
(see Table 13 for explanation of BINWOE codes)
BINWOE: ? (0)
Direction of Interaction - The direction of interaction cannot be predicted in the absence of
(1) pertinent joint toxic action data, (2) information indicating that pharmacokinetic interactions with
p,p’-DDE will influence methylmercury toxicity or carcinogenicity, or (3) mechanistic understanding
supporting a reliable projection of interactions between p,p’-DDE and methylmercury.
Mechanistic Understanding - Oral exposure to either p,p’-DDE or methylmercury has been shown to
adversely influence pre- and post-natal neurological development, and both compounds are known to
produce adverse effects on the fully developed neurological system (see Table 1 and Appendices C and
D). Joint actions between these two compounds in producing deficits in neurological developmental or
function are plausible, but modes of possible joint action are unknown and unstudied. Postulates
regarding methylmercury’s mechanism of action on the developing nervous system include inhibitory
effects on mitosis through impairment of microtubule assembly, inhibition of various enzymes such as
protein kinase C, inhibition of transport mechanisms in developing brain cells, and alteration of
synaptosomal release of neurotransmitters (e.g., dopamine) that may involve non-specific changes in
membrane integrity or disruption of calcium homeostasis and subsequent activation of second
messenger system or cell death (Appendix D). p,p’-DDE’s actions on the developing and mature
neurological system are poorly understood (see Appendix C), but, as with p,p’-DDT, may involve
interference with sodium channels and potassium gates in neuronal membranes and inhibition of
neuronal ATPases. Obvious cellular or molecular sites of possible interactions between p,p’-DDE and
methylmercury are not apparent. Reliable mechanistic inferences could not be made due to inadequate
understanding of the mechanism(s) involved in methylmercury-induced critical effects (altered
neurological development, immunosuppression, and cancer).
Toxicological Significance - No studies were located that compared responses to mixtures of p,p’-DDE
and methylmercury with responses to either compound alone. No studies were located in which
pretreatment with p,p’-DDE before methylmercury exposure was examined for possible effects on
methylmercury toxicity at any target organ. Joint actions at several shared target organs are plausible
(e.g., immune system, nervous system; see Appendices C and D), but whether the actions would be
additive, greater-than-additive, or less-than-additive is unknown and unstudied; the indeterminate
classification (?) reflects this lack of data.
Additional Uncertainties - Uncertainties have been addressed in the above discussion of data quality
weighting factors.
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Table 25. Effect of Methylmercury on p,p’-DDE
(see Table 13 for explanation of BINWOE codes)
BINWOE: ? (0)
Direction of Interaction - The direction of interaction cannot be predicted in the absence of
(1) pertinent joint toxic action data, (2) information indicating that pharmacokinetic interactions with
methylmercury will influence p,p’-DDE toxicity or carcinogenicity, or (3) mechanistic understanding
supporting a reliable projection of possible modes of joint toxic actions between p,p’-DDE and methyl
mercury.
Mechanistic Understanding - Oral exposure to either p,p’-DDE or methylmercury has been shown to
adversely influence pre- and post-natal neurological development, and both compounds are known to
produce adverse effects on the fully developed neurological system (see Table 1 and Appendices C and
D). Joint actions between these two compounds in producing deficits in neurological developmental or
function are plausible, but modes of possible joint action are unknown and unstudied. Postulates
regarding methylmercury’s mechanism of action on the developing nervous system include inhibitory
effects on mitosis through impairment of microtubule assembly, inhibition of various enzymes such as
protein kinase C, inhibition of transport mechanisms in developing brain cells, and alteration of
synaptosomal release of neurotransmitters (e.g., dopamine) that may involve non-specific changes in
membrane integrity or disruption of calcium homeostasis and subsequent activation of second
messenger system or cell death (Appendix D). p,p’-DDE’s actions on the developing and mature
neurological system are poorly understood (see Appendix C), but, as with p,p’-DDT, may involve
interference with sodium channels and potassium gates in neuronal membranes and inhibition of
neuronal ATPases. Obvious cellular or molecular sites of possible interactions between p,p’-DDE and
methylmercury are not apparent. Reliable mechanistic inferences could not be made due to inadequate
understanding of the mechanism(s) involved in p,p’-DDE-induced critical effects (altered neurological
development, liver degeneration, immunosuppression, and cancer).
Toxicological Significance - No studies were located that compared responses to mixtures of p,p’-DDE
and methylmercury with responses to either compound alone. No studies were located in which
pretreatment with methylmercury before p,p’-DDE exposure was examined for possible effects on
p,p’-DDE toxicity at any target organ. Joint actions at several shared target organs are plausible (e.g.,
immune system, nervous system; see Appendices C and D), but whether the actions would be additive,
greater-than-additive, or less-than-additive is unknown and unstudied; the indeterminate classification
(?) reflects this lack of data.
Additional Uncertainties - Uncertainties have been addressed in the above discussion of data quality
weighting factors.

99

Table 26. Effect of PCBs on 2,3,7,8-TCDD
(see Table 13 for explanation of BINWOE codes)
BINWOE: <IIIB1aii (0.32 x 0.79 x 1 x 1 x 0.79 = -0.20)
immune effects (suppression of cell-mediated immune response), acute
BINWOE: <IIIB2aii (0.32 x 0.79 x 0.79 x 1 x 0.79 = -0.16)
immune effects (suppression of cell-mediated immune response), non-acute
BINWOE: <IIIC1ai (0.32 x 0.32 x 1 x 1 x 1 = - 0.10)
developmental toxicity (cleft palate, hydronephrosis in offspring), acute
BINWOE: <IIIC2ai (0.32 x 0.32 x 0.79 x 1 x 1 = - 0.08)
developmental toxicity (cleft palate, hydronephrosis in offspring), non-acute
BINWOE: =IIIC (0)
body and thymus weight changes, hepatomegaly, decreased hepatic retinoids
BINWOE: ? (0)
thyroid hormone disruption, porphyria
BINWOE: ? (0)
female reproductive organ development
BINWOE: ? (0)
tumor promotion
BINWOE: ? (0)
other effects
Direction of Interaction - PCB mixtures antagonized TCDD-induced immunosuppression and
developmental toxicity in mice. Intermediate-duration dietary exposure of rats to binary mixtures of
TCDD plus each of three PCB congeners produced no synergism on changes in body and organ
weights and levels of retinoids in liver indicating that PCB mixtures may additively act with
2,3,7,8-TCDD on these endpoints, but one congener (and not the other two) synergistically acted with
2,3,7,8-TCDD to increase hepatic porphyrin levels and deplete serum T4 levels. Available data are
inconclusive regarding joint action of PCB mixtures and 2,3,7,8-TCDD in adversely affecting female
reproductive organ development and promoting tumors.
Mechanistic Understanding - Oral exposures to PCBs or CDDs such as 2,3,7,8-TCDD are associated
with wide arrays of health effects that show considerable overlap. Although some PCB congeners
have been demonstrated to produce some effects via a common initial mechanistic step with
2,3,7,8-TCDD and other CDDs (binding to the Ah receptor), mechanistic understanding of ensuing
processes is too incomplete to provide reliable projections of net physiological responses to joint
exposure of PCB mixtures and 2,3,7,8-TCDD. In addition, there is evidence that other PCB congeners
produce adverse effects via mechanisms that are independent of Ah receptor mediation, and some PCB
congeners counteract effects of other PCB congeners and TCDD. Thus, mechanistic understanding for
all directional BINWOEs was assigned a low data quality factor (III) to reflect the inability of available
mechanistic understanding to support reliable projections of modes of joint actions between PCB
mixtures and TCDD.
Toxicologic Significance - PCB mixtures antagonized TCDD-induced immunosuppression
(intraperitoneal exposure) and cleft palate formation (oral exposure) in mice (Bannister et al. 1987;
Davis and Safe 1989; Haake et al. 1987). There is evidence that individual PCB congeners vary in
how they interact with TCDD in affecting these endpoints; some antagonize, some do not, and one was
shown to potentiate TCDD-induced cleft palate formation (Biegel et al. 1989a, 1989b; Birnbaum et al.
1985; Morrissey et al. 1992). To reflect uncertainty that the observed antagonisms may occur with
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Table 26. Effect of PCBs on 2,3,7,8-TCDD (continued)
Toxicological Significance (continued) - environmental PCB mixtures of varying composition and that
antagonism will occur on other immune endpoints, a moderate data quality factor (B) was assigned to
the BINWOE for immune effects (several PCB mixtures were demonstrated to antagonize TCDD
inhibition of cell-mediated immune response, but one [Aroclor 1232] did not), whereas a low data
quality factor (C) was assigned for developmental toxicity (the only PCB mixture examined for joint
action with TCDD was Aroclor 1254).
A 13-Week dietary exposure rat studies of binary joint action of TCDD with each of three PCB
congeners (expected to have various mechanisms of action) found no evidence of synergism on body
or organ weight changes or vitamin A depletion in the liver (van Birgelen et al. 1992, 1994a, 1994b,
1996). Evidence for less-than-additive joint action on these endpoints (with each of the three
PCB:TCDD binary mixtures examined) was found, but this may have been due to near-maximal effects
occurring at the dose levels used. However, evidence was found for synergistic effects between one of
the congeners (2,2',4,4',5,5'-hexachlorobiphenyl, but not the others) and TCDD on depletion of serum
T4 levels and increased accumulation of porphyrins in liver (van Birgelen et al. 1992, 1996). The
mechanistic basis for the apparent synergism between TCDD and this PCB congener without
Ah-receptor affinity is unknown. Because of the variability between PCB congeners and the lack of
data examining joint action of PCB mixtures and TCDD on T4 depletion and porphyria, the direction
of interaction for the BINWOE was judged to be indeterminate.
3,3',4,4',5-Pentachlorobiphenyl appears to affect ovulation, ovarian weight, and circulating hormone
levels in immature rats in an additive manner in combination with 2,3,7,8-TCDD and other dioxins
(Gao et al. 2000), but the effect of the presence of ineffective PCB congeners, such as
2,2',4,4'-tetrachlorobiphenyl, in influencing these endpoints is unexamined.
The joint action of PCB mixtures and 2,3,7,8-TCDD in promoting tumors is unexamined with the
exception of one study that found evidence for less-than-additive joint action in a mixture of several
PCBs with 2,3,7,8-TCDD, 1,2,3,7,8-pentachloro-p-dioxin, and 2,3,4,7,8-pentachlorodibenzofuran (van
der Plas et al. 1999). There are data suggesting that one PCB congener (3,3',4,4',5-pentachloro
biphenyl) additively promotes tumors with TCDD and another (2,2,4,4',5,5'-hexachlorobiphenyl)
antagonizes TCDD-promotion of tumors (Hemming et al. 1995; Wolfle 1998). The available data are
inconclusive regarding the joint action of PCB mixtures and 2,3,7,8-TCDD in promoting tumors.
Modifying Factors - The “ii” of the immune effects BINWOEs reflects the intraperitoneal exposure
data that is its basis and the expected use for oral exposures; the “2" in the non-acute BINWOE reflects
the acute data basis. No modifying factors were used in the BINWOE for body and thymus weight
changes, hepatomegaly, and decreased hepatic retinoids because the 13-week dietary exposure data are
expected to be directly relevant to oral repeated exposure scenarios.
Additional Uncertainties - The BINWOEs were derived to assess how environmental PCB mixtures
may influence TCDD toxicity. PCB mixtures are the entity of concern, because humans are exposed to
complex PCB mixtures and ATSDR PCB MRLs are based on data for PCB mixtures. There is a large
degree of uncertainty in the BINWOEs, given evidence that the composition of environmental PCB
mixtures can vary substantially, evidence that PCB congeners can vary in potency, mechanisms of
action, and how they interact with TCDD, evidence that interactions between PCBs and TCDD can
display complex relationships with dose and dose proportions, and the limited number of studies that
have examined how mixtures of PCBs jointly act with TCDD in influencing the wide array of shared
toxicity targets.
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Table 27. Effect of 2,3,7,8-TCDD on PCBs
(see Table 13 for explanation of BINWOE codes)
BINWOE: =IIIC (0)
body and thymus weight changes, hepatomegaly, decreased hepatic retinoids
BINWOE: ? (0)
thyroid hormone disruption, porphyria
BINWOE: ? (0)
immune suppression, developmental toxicity
BINWOE: ? (0)
female reproductive organ development
BINWOE: ? (0)
tumor promotion
BINWOE: ? (0)
other effects
Direction of Interaction - Intermediate-duration dietary exposure of rats to binary mixtures of TCDD
plus each of three PCB congeners produced no synergism on changes in body and organ weights and
levels of retinoids in liver indicating that PCB mixtures may additively act with 2,3,7,8-TCDD on these
endpoints, but one congener (and not the other two) synergistically acted with 2,3,7,8-TCDD to
increase hepatic porphyrin levels and deplete serum T4 levels. Available studies of joint action of PCB
mixtures and 2,3,7,8-TCDD on immune suppression and developmental toxicity do not discern how
TCDD may influence PCB effects on these endpoints. Available data are inconclusive regarding joint
action of PCB mixtures and 2,3,7,8-TCDD in adversely affecting female reproductive organ
development and promoting tumors.
Mechanistic Understanding - Oral exposures to PCBs or CDDs such as 2,3,7,8-TCDD are associated
with wide arrays of health effects that show considerable overlap. Although some PCB congeners
have been demonstrated to produce some effects via a common initial mechanistic step with
2,3,7,8-TCDD and other CDDs (binding to the Ah receptor), mechanistic understanding of ensuing
processes is too incomplete to provide reliable projections of net physiological responses to joint
exposure of PCB mixtures and 2,3,7,8-TCDD. In addition, there is evidence that other PCB congeners
produce adverse effects via mechanisms that are independent of Ah receptor mediation, and some PCB
congeners counteract effects of other PCB congeners and TCDD. Thus, mechanistic understanding for
all directional BINWOEs was assigned a low data quality factor (III) to reflect the inability of available
mechanistic understanding to support reliable projections of modes of joint actions between PCB
mixtures and TCDD.
Toxicologic Significance - A 13-week dietary exposure rat studies of binary joint action of TCDD with
each of three PCB congeners (expected to have various mechanisms of action) found no evidence of
synergism on body or organ weight changes or vitamin A depletion in the liver (van Birgelen et al.
1992, 1994a, 1994b, 1996). Evidence for less-than-additive joint action on these endpoints (with each
of the three PCB:TCDD binary mixtures examined) was found, but this may have been due to nearmaximal effects occurring at the dose levels used. However, evidence was found for synergistic effects
between one of the congeners (2,2',4,4',5,5'-hexachlorobiphenyl, but not the others) and TCDD on
depletion of serum T4 levels and increased accumulation of porphyrins in liver (van Birgelen et al.
1992, 1996). Because of this variability between PCB congeners and the lack of data examining joint
action of PCB mixtures and TCDD on T4 depletion and porphyria, the direction of interaction for the
BINWOE was judged to be indeterminate (?).
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Table 27. Effect of 2,3,7,8-TCDD on PCBs (continued)
Toxicological Significance (continued) - PCB mixtures antagonized TCDD-induced immuno
suppression (intraperitoneal exposure) and cleft palate formation (oral exposure) in mice (Bannister et
al. 1987; Davis and Safe 1989; Haake et al.1987). At the dose levels used in these studies, toxicity of
the potent 2,3,7,8-TCDD masked any adverse effects the PCB mixtures may have had on these
endpoints. Thus, the influence that TCDD may have on PCB effects on these endpoints is
indeterminate from the available data.
3,3',4,4',5-Pentachlorobiphenyl appears to affect ovulation, ovarian weight, and circulating hormone
levels in immature rats in an additive manner in combination with 2,3,7,8-TCDD and other dioxins
(Gao et al. 2000), but the effect of the presence of ineffective PCB congeners, such as 2,2',4,4'-tetra
chlorobiphenyl, in influencing these endpoints is unexamined. No other data are available regarding
PCBs and 2,3,7,8-TCDD joint action on these endpoints.
The joint action of PCB mixtures and 2,3,7,8-TCDD in promoting tumors is unexamined with the
exception of one study that found evidence for less-than-additive joint action in a mixture of several
PCBs with 2,3,7,8-TCDD, 1,2,3,7,8-pentachloro-p-dioxin, and 2,3,4,7,8-pentachlorodibenzofuran (van
der Plas et al. 1999). There are data suggesting that one PCB congener (3,3',4,4',5-pentachlorobi
phenyl) additively promotes tumors with TCDD and another (2,2,4,4',5,5'-hexachlorobiphenyl)
antagonizes TCDD-promotion of tumors (Hemming et al. 1995; Wolfle 1998). The available data are
inconclusive regarding the joint action of PCB mixtures and 2,3,7,8-TCDD in promoting tumors.
Modifying factors - No modifying factors were used in the BINWOE for body and thymus weight
changes, hepatomegaly, and decreased hepatic retinoids, because the 13-week dietary exposure data are
expected to be directly relevant to oral repeated exposure scenarios.
Additional Uncertainties - The BINWOEs were derived to assess how 2,3,7,8-TCDD may influence
the toxicity of environmental PCB mixtures. PCB mixtures are the entity of concern, because humans
are exposed to complex PCB mixtures and ATSDR PCB MRLs are based on data for PCB mixtures.
There is a large degree of uncertainty in the BINWOEs, given evidence that the composition of
environmental PCB mixtures can vary substantially, evidence that PCB congeners can vary in potency,
mechanisms of action, and how they interact with TCDD, evidence that interactions between PCBs and
TCDD can display complex relationships with dose and dose proportion, and the limited number of
studies that have examined how mixtures of PCBs jointly act with TCDD in influencing the wide array
of shared toxicity targets.
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Table 28. Effect of PCBs on Hexachlorobenzene
(see Table 13 for explanation of BINWOE codes)
BINWOE: ? (0)
Direction of Interaction - The direction of possible interactions cannot be predicted because there are
no in vivo or in vitro data examining modes of joint action of PCBs and hexachlorobenzene on several
shared toxicity targets, and mechanistic understanding is too incomplete to support reliable projections
of possible interactions.
Mechanistic Understanding - Hepatic porphyria, liver hypertrophy, decreased serum T4 levels,
impaired immune response to foreign cells, impaired neurological development, reproductive organ
dysfunction, and liver cancer have all been associated with oral exposure to either one of these agents
(see Appendices B and E). However, there are no in vitro or in vivo studies designed to examine how
these agents may jointly act to produce these effects. Processes in which potential interactions may
occur include: induction of Phase I and II enzymes that may influence porphyria, liver hypertrophy,
tissue damage from reactive oxygen species, and liver cancer development; disruption of thyroid
hormone homeostasis via binding to thyroid hormone transport proteins, altering thyroid hormone
metabolism, or damaging thyroid tissue; and disruption of sex hormone homeostasis via estrogenic,
anti-estrogenic, androgenic, or anti-androgenic actions. Mechanistic understanding of how common
effects produced by these agents develop is too incomplete to provide reliable projections of whether
these agents may jointly act in additive, less-than-additive, or greater than-additive manners.
Toxicologic Significance - No studies were located that compared responses to mixtures of hexachloro
benzene and PCBs with responses to hexachlorobenzene or PCBs alone. No studies were located in
which pretreatment with PCBs before hexachlorobenzene exposure was examined for possible effects
on hexachlorobenzene toxicity at any target organ. Joint actions at several shared target organs are
plausible, but whether the actions would be additive, greater-than-additive, or less-than-additive is
unknown and unstudied; the indeterminate classification (?) reflects this lack of data.
Additional Uncertainties - Uncertainties have been addressed in the above discussion of data quality
weighting factors.
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Table 29. Effect of Hexachlorobenzene on PCBs
(see Table 13 for explanation of BINWOE codes)
BINWOE: ? (0)
Direction of Interaction - The direction of possible interactions cannot be predicted because there are
no in vivo or in vitro data examining modes of joint action of PCBs and hexachlorobenzene on several
shared toxicity targets, and mechanistic understanding is too incomplete to support reliable projections
of possible interactions.
Mechanistic Understanding - Hepatic porphyria, liver hypertrophy, decreased serum T4 levels,
impaired immune response to foreign cells, impaired neurological development, reproductive organ
dysfunction, and liver cancer have all been associated with oral exposure to either one of these agents
(see Appendices B and E). However, there are no in vitro or in vivo studies designed to examine how
these agents may jointly act to produce these effects. Processes in which potential interactions may
occur include: induction of Phase I and II enzymes that may influence porphyria, liver hypertrophy,
tissue damage from reactive oxygen species, and liver cancer development; disruption of thyroid
hormone homeostasis via binding to thyroid hormone transport proteins, altering thyroid hormone
metabolism, or damaging thyroid tissue; and disruption of sex hormone homeostasis via estrogenic,
anti-estrogenic, androgenic, or anti-androgenic actions. Mechanistic understanding of how common
effects produced by these agents develop is too incomplete to provide reliable projections of whether
these agents may jointly act in additive, less-than-additive, or greater-than-additive manners.
Toxicologic Significance - No studies were located that compared responses to mixtures of hexachloro
benzene and PCBs with responses to hexachlorobenzene or PCBs alone. No studies were located in
which pretreatment with hexachlorobenzene before PCB exposure was examined for possible effects
on PCB toxicity at any target organ. Joint actions at several shared target organs are plausible, but
whether the actions would be additive, greater-than-additive, or less-than-additive is unknown and
unstudied; the indeterminate classification (?) reflects this lack of data.
Additional Uncertainties - Uncertainties have been addressed in the above discussion of data quality
weighting factors.
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Table 30. Effect of PCBs on p,p’-DDE
(see Table 13 for explanation of BINWOE codes)
BINWOE: ? (0)
Direction of Interaction - The direction of possible interactions cannot be predicted because there are
no pertinent in vivo or in vitro data examining modes of joint action of PCBs and p,p’-DDE on several
shared toxicity targets, and mechanistic understanding is too incomplete to support reliable projections
of possible interactions.
Mechanistic Understanding - Hepatomegaly, liver cancer, suppression of cell-mediated immune
responses, impaired neurological function and development, and impaired reproductive function and
development have been associated with oral exposure to PCBs and oral exposure to p,p’-DDE (see
Appendices C and E). Processes relevant to these shared toxicity targets in which possible interactions
may occur include binding to androgen receptors, production of reactive metabolites or metabolic byproducts that damage neurological tissue, and disruption of sex hormone homeostasis. Mechanistic
understanding of how common effects produced by these agents develop is too incomplete to provide
reliable projections of whether these agents may jointly act in additive, less-than-additive, or greater
than-additive manners.
Toxicologic Significance - Interaction data are limited to reports that p,p’-DDE and Aroclor 1242, in
combination with several pesticides but not by themselves, inhibit in vitro binding of 17$-estradiol to
alligator estrogen receptors (Vonier et al. 1996) and that 5-month dietary exposure of mallards to both
agents simultaneously did not alter p,p’-DDE-induced egg shell thinning, but decreased egg production
capabilities compared with dietary exposure to either agent alone (Risebrough and Anderson 1975). In
the absence of other information, these data are no expected to be directly relevant to DDE- or PCBinduced reproductive effects in humans or other shared toxicity targets mentioned above.
Additional Uncertainties - Uncertainties have been addressed in the above discussion of data quality
weighting factors.
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Table 31. Effect of p,p’-DDE on PCBs
(see Table 13 for explanation of BINWOE codes)
BINWOE: ? (0)
Direction of Interaction - The direction of possible interactions cannot be predicted because there are
no pertinent in vivo or in vitro data examining modes of joint action of PCBs and p,p’-DDE on several
shared toxicity targets, and mechanistic understanding is too incomplete to support reliable projections
of possible interactions.
Mechanistic Understanding - Hepatomegaly, liver cancer, suppression of cell-mediated immune
responses, impaired neurological function and development, and impaired reproductive function and
development have been associated with oral exposure to PCBs and oral exposure to p,p’-DDE.
Processes relevant to these shared toxicity targets in which possible interactions may occur include
binding to androgen receptors, production of reactive metabolites or metabolic by-products that
damage neurological tissue, and disruption of sex hormone homeostasis. Mechanistic understanding of
how common effects produced by these agents develop is too incomplete to provide reliable
projections of whether these agents may jointly act in additive, less-than-additive, or greater-than
additive manners.
Toxicologic Significance - Interaction data are limited to reports that p,p’-DDE and Aroclor 1242, in
combination with several pesticides but not by themselves, inhibit in vitro binding of 17$-estradiol to
alligator estrogen receptors (Vonier et al. 1996) and that 5-month dietary exposure of mallards to both
agents simultaneously did not alter p,p’-DDE-induced egg shell thinning, but decreased egg production
capabilities compared with dietary exposure to either agent alone (Risebrough and Anderson 1975). In
the absence of other information, these data are no expected to be directly relevant to DDE- or PCBinduced reproductive effects in humans or other shared toxicity targets mentioned above.
Additional Uncertainties - Uncertainties have been addressed in the above discussion of data quality
weighting factors.
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Table 32. Effect of PCBs on Methylmercury
(see Table 13 for explanation of BINWOE codes)
BINWOE: >IICb (0.79 x 0.32 x 0.79 = +0.20)
for impaired neurological function or development
BINWOE: ? (0)
for impaired reproductive performance
BINWOE: =IIIB(0)
for hepatic porphyria
BINWOE : ? (0)
for decreased postnatal survival
BINWOE : ? (0)
for other effects
Direction of Interaction - There is in vitro evidence from one study that PCBs and methylmercury may
synergistically decrease dopamine levels in rat brain cells presumably via disruption of calcium
homeostatic mechanisms (Bemis and Seegal 1999), but obvious synergism or additive joint action in
affecting neurobehavioral endpoints was not demonstrated in a mouse in vivo study (Tanimura et al.
1980). A greater-than-additive joint action on neurological function or development is projected with a
moderate degree of uncertainty. The direction of interaction for impaired reproductive performance is
indeterminate (?) due to inadequate data on joint action for this toxicity target (Tanimura et al. 1980).
Additive joint action to produce hepatic porphyria is supported by evidence from a study of quails
exposed to Aroclor 1260 and methylmercury in the diet (Leonzio 1996b). For decreased postnatal
survival from combined exposure to PCBs and methylmercury, data from a mouse study (Tanimura et
al. 1980) and a mink study (Wren et al. 1987a, 1987b) are inadequate to support a projection of mode
of possible joint action. For other effects, the direction of possible interactions cannot be projected
because there are no pertinent in vivo or in vitro data, and mechanistic understanding is too incomplete
to support reliable projections of possible interactions.
Mechanistic Understanding - Changes in neurological function or development from PCBs and
methylmercury have been proposed to at least partly involve disruption of calcium homeostatic
mechanisms in neural cells leading to changes in neurotransmitter release (e.g., dopamine) or cell
damage. Combined in vitro exposure of rat striatal tissue to a methylmercury and a 1:1 mixture of
Aroclor 1254/1260 appeared to synergistically deplete tissue levels of dopamine (Bemis and Seegal
1999). These data suggest a possible synergism between PCB mixtures and methylmercury in
affecting neurological dysfunction and development. A moderate uncertainty rating (II; i.e., medium
confidence rating) was selected to reflect several areas of uncertainty: (1) mechanistic linkages
between changes in dopamine release and the development of PCB- or methylmercury-induced
changes in neural function and development are poorly understood; (2) obvious synergism was not
observed on in vivo endpoints of neurological function in mice exposed to mixtures of methylmercury
and PCBs (Tanimura et al. 1980), and (3) the Bemis and Seegal (1999) report had some study design
and reporting limitations that prevented a formal statistical characterization of the mode of joint action
on dopamine release (see Section 2.2.10).
Mechanistic understanding for other potential shared toxicity targets between PCBs and methyl
mercury (e.g., impaired reproductive performance, hepatic porphyria) is too incomplete to support
reliable projections of modes of joint actions.
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Table 32. Effect of PCBs on Methylmercury (continued)
Toxicologic Significance - In a mouse study involving gestational and lactational exposure to
Kanechlor 500 and methylmercury, exposure to either agent alone or in combination did not change
several measures of F0- and F1-generation reproductive performance, neurobehavior of offspring, or
prevalence of developmental anomalies (Tanimura et al. 1980). The study provides no evidence of
obvious synergism or additive joint action between Kanechlor 500 and methylmercury in affecting
neurobehavior, reproductive performance, or prevalence of developmental abnormalities. Design
limitations of this study preclude more definitive conclusions on mode of joint action on these
endpoints (see Section 2.2.10).
The data quality factor for highest toxicologic significance uncertainty (C) is selected due to the design
limitations of the Tanimura et al. (1980) and the lack of other better designed studies examining
possible joint actions on neurobehavior, reproductive, or developmental endpoints.
Combined gestational and lactational exposure of mice to Kanechlor 500 plus methylmercury, at 4 (but
not 0.4) mg Hg/kg/day, decreased postnatal survival to a greater degree than did exposure to Kanechlor
500 alone; methylmercury alone did not affect postnatal survival (Tanimura et al. 1980). In a mink
study, dietary concentrations of 1 ppm Aroclor 1254 alone, 1 ppm methylmercury alone, or 0.5 ppm
concentrations of each together in the diet, did not affect postnatal survival, but 1 ppm concentrations
of each in the diet decreased postnatal survival compared with controls (Wren et al. 1987a, 1987b).
The design of these studies preclude comparisons between observed combined-exposure responses and
predicted responses based on a presumed mode of joint action (see Section 2.2.10).
Intermediate-duration exposures of quail to methylmercury or Aroclor 1260 in the diet led to
accumulation of porphyrins in liver; hepatic porphyrin levels in quail exposed to both agents
simultaneously were similar to levels predicted based on additivity of response (Leonzio 1996b). To
reflect uncertainty in extrapolating from quails to mammals and the lack of corroborative data, a
moderate data quality factor (B) was selected for toxicological significance of the projection of
additive joint action to produce hepatic porphyria.
Modifying factors - The modifying factor of “b” for the BINWOE for greater-than-additive joint action
in impairing neurological function and development reflects uncertainty associated with the in vitro
basis of the determination.
Additional Uncertainties - Uncertainties have been addressed in the above discussion of data quality
weighting factors.

109

Table 33. Effect of Methylmercury on PCBs
(see Table 13 for explanation of BINWOE codes)
BINWOE: >IICb (0.79 x 0.32 x 0.79 = +0.20)
for impaired neurological function or development
BINWOE: ? (0)
for impaired reproductive performance
BINWOE: =IIIB (0)
for hepatic porphyria
BINWOE: ? (0)
for decreased postnatal survival
BINWOE: ? (0)
for other effects
Direction of Interaction - There is in vitro evidence from one study that PCBs and methylmercury may
synergistically decrease dopamine levels in rat brain cells presumably via disruption of calcium
homeostatic mechanisms (Bemis and Seegal 1999), but obvious synergism or additive joint action in
affecting neurobehavioral endpoints was not demonstrated in a mouse in vivo study (Tanimura et al.
1980). A greater-than-additive joint action on neurological function or development is projected with a
moderate degree of uncertainty. The direction of interaction for impaired reproductive performance is
indeterminate (?) due to inadequate data on joint action for this toxicity target (Tanimura et al. 1980).
Additive joint action to produce hepatic porphyria is supported by evidence from a study of quails
exposed to Aroclor 1260 and methylmercury in the diet (Leonzio 1996b). For decreased postnatal
survival from combined exposure to PCBs and methylmercury, data from a mouse study (Tanimura et
al. 1980) and a mink study (Wren et al. 1987a, 1987b) are inadequate to support a reliable projection of
mode of possible joint action. For other effects, the direction of possible interactions cannot be
projected because there are no pertinent in vivo or in vitro data, and mechanistic understanding is too
incomplete to support reliable projections of possible interactions.
Mechanistic Understanding - Changes in neurological function or development from PCBs and
methylmercury have been proposed to at least partly involve disruption of calcium homeostatic
mechanisms in neural cells leading to changes in neurotransmitter release (e.g., dopamine) or cell
damage. Combined in vitro exposure of rat striatal tissue to a methylmercury and a 1:1 mixture of
Aroclor 1254/1260 appeared to synergistically deplete tissue levels of dopamine (Bemis and Seegal
1999). These data suggest a possible synergism between PCB mixtures and methylmercury in
affecting neurological dysfunction and development. A moderate uncertainty rating (II; i.e., medium
confidence rating) was selected to reflect several areas of uncertainty: (1) mechanistic linkages
between changes in dopamine release and the development of PCB- or methylmercury-induced
changes in neural function and development are poorly understood; (2) obvious synergism was not
observed on in vivo endpoints of neurological function in mice exposed to mixtures of methylmercury
and PCBs (Tanimura et al. 1980), and (3) the Bemis and Seegal (1999) report had some study design
and reporting limitations that prevented a formal statistical characterization of the mode of joint action
on dopamine release (see Section 2.2.10).
Mechanistic understanding for other potential shared toxicity targets between PCBs and methyl
mercury (e.g., impaired reproductive performance, hepatic porphyria) is too incomplete to support
reliable projections of modes of joint actions. In a mouse study involving gestational and lactational
exposure to Kanechlor 500 and methylmercury, exposure to either agent alone or in combination did
not change several measures of F0- and F1-generation reproductive performance,
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Table 33. Effect of Methylmercury on PCBs (continued)

Toxicologic Significance (continued) - neurobehavior of offspring, or prevalence of developmental
anomalies (Tanimura et al. 1980). The study provides no evidence of obvious synergism or additive
joint action between Kanechlor 500 and methylmercury in affecting neurobehavior, reproductive
performance, or prevalence of developmental abnormalities. Design limitations of this study preclude
more definitive conclusions on mode of joint action on these endpoints (see Section 2.2.10).
The data quality factor for highest toxicologic significance uncertainty (C) is selected due to the design
limitations of the Tanimura et al. (1980) and the lack of other better designed in vivo studies examining
possible joint actions on neurobehavior, reproductive, or developmental endpoints.
Combined gestational and lactational exposure of mice to Kanechlor 500 plus methylmercury, at 4 (but
not 0.4) mg Hg/kg/day, decreased postnatal survival to a greater degree than did exposure to Kanechlor
500 alone; methylmercury alone did not affect postnatal survival (Tanimura et al. 1980). In a mink
study, dietary concentrations of 1 ppm Aroclor 1254 alone, 1 ppm methylmercury alone, or 0.5 ppm
concentrations of each together in the diet, did not affect postnatal survival, but 1 ppm concentrations
of each in the diet decreased postnatal survival compared with controls (Wren et al. 1987a, 1987b).
The design of these studies preclude comparisons between observed combined-exposure responses and
predicted responses based on a presumed mode of joint action (see Section 2.2.10).
Intermediate-duration exposures of quail to methylmercury or Aroclor 1260 in the diet led to
accumulation of porphyrins in liver; hepatic porphyrin levels in quail exposed to both agents
simultaneously were similar to levels predicted based on additivity of response (Leonzio 1996b). To
reflect uncertainty in extrapolating from quails to mammals and the lack of corroborative data, a
moderate data quality factor (B) was selected for toxicological significance of the projection of
additive joint action to produce hepatic porphyria.
Combined exposure of rats or quail to commercial PCB mixtures and methylmercury appears to
counteract PCB induction of hepatic CYP enzymes (Leonzio et al. 1996a; Takabatake et al. 1980), but
the toxicological significance of this interaction is unclear.
Modifying factors - The modifying factor of “b” for the BINWOE for greater-than-additive joint action
in impairing neurological function and development reflects uncertainty associated with the in vitro
basis of the determination.
Additional Uncertainties - Uncertainties have been addressed in the above discussion of data quality
weighting factors.
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Table 34. Matrix of BINWOE Determinations for Repeated Simultaneous
Oral Exposure to Chemicals of Concern
ON TOXICITY OF
2,3,7,8-TCDD
2,3,7,8-TCDD

Hexachloro
benzene

E p,p’-DDE
FF
E
C
T
Methyl
O mercury
F

PCBs

Hexachloro
benzene
? (0)

p,p’-DDE
Anti-andro-genic
effects
=IIIC(0)
Other effects
? (0)

Methylmercury
Immune
suppression
=IIIBbii (0)
Other effects
? (0)

Body and
thymus weight
>IIIA2aii
(+0.06)
Other effects:
? (0)
Anti-androgenic ? (0)
effects
=IIIC(0)
Other effects
? (0)
Liver effects
? (0)
=IIIC(0)
Other effects
? (0)

? (0)

? (0)

PCBs
Body and organ
weight changes,
decreased retinoids
in liver
=IIIC(0)
Other effects
? (0)
? (0)

? (0)

? (0)

Immune
? (0)
suppression
<IIIB2aii
(-0.16)
Developmental
<IIIC2ai (-0.08)
Body and organ
weight changes,
decreased
retinoids in liver
=IIIC(0)
Other effects
? (0)

?(0)

Neurological effects
>IIICb (+0.20)
Reproductive
performance
? (0)
Porphyria
=IIIB(0)
Other effects
? (0)

? (0)

Neurological effects
>IIICb (+0.20)
Reproductive
performance
? (0)
Porphyria
=IIIB(0)
Other effects
? (0)

BINWOE scheme (with numerical weights in parentheses) condensed from ATSDR (2001a):
DIRECTION: = additive (0); > greater than additive (+1): < less than additive (-1); ? indeterminate (0)
MECHANISTIC UNDERSTANDING:
I:
direct and unambiguous mechanistic data to support direction of interaction (1.0);
II:
mechanistic data on related compounds to infer mechanism(s) and likely direction (0.71);
III:
mechanistic data does not clearly indicate direction of interaction (0.32).
TOXICOLOGIC SIGNIFICANCE:
A:
direct demonstration of direction of interaction with toxicologically relevant endpoint (1.0);
B:
toxicologic significance of interaction is inferred or has been demonstrated for related chemicals (0.71);
C:
toxicologic significance of interaction is unclear (0.32).
MODIFYING FACTORS:
1:
anticipated exposure duration and sequence (1.0);
2:
different exposure duration or sequence (0.79);
a:
in vivo data (1.0);
b:
in vitro data (0.79);
i:
anticipated route of exposure (1.0);
ii:
different route of exposure (0.79)

